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ABSTRACT 

 

Determining the mechanisms influencing ecosystem variability can be challenging, 

especially when complex interactions are involved. Ecosystems with high temporal variability 

facilitate understanding these mechanisms because they provide repeated opportunities to 

observe different ecological conditions. Lake Mývatn is a relatively simple system that shows 

substantial year-to-year variation in many ecological properties; thus, it is well-suited for 

examining how ecological components interact as a cause and consequence of this variation. 

Two examples of Mývatn’s variability include population fluctuations of its dominant consumer, 

Tanytarsus gracilentus, and shifts in the allocation of primary production between benthic and 

pelagic habitats. These forms of variability are potentially connected, as benthic algae are T. 

gracilentus’ main food source. I explore factors affecting benthic primary production and 

resource use of benthic consumers in the context of Mývatn’s ecological variability. 

Resource limitation for T. gracilentus poses the question of whether abiotic factors limit 

their food availability. Thus, in Chapter 1, I investigate benthic algal responses to nutrient 

enrichment. Benthic algae were not nutrient limited; rather, nitrogen transiently inhibited 

primary production and caused community composition shifts. Productivity did not differ among 

nutrient treatments at the end of the experiment, suggesting that compensatory compositional 

shifts achieved similar ecological function. In Chapter 2, I analyzed the partitioning of primary 

production between benthic and pelagic habitats in Mývatn. This study highlights the intra- and 

interannual variation in Mývatn’s autotrophic structure, the competitive effects of cyanobacteria 

on in situ benthic production, and the value of environmental monitoring for understanding the 

balance between benthic and pelagic production. In Chapter 3, I examined interactions between 
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T. gracilentus and benthic productivity using carbon stable isotope analysis (a proxy for primary 

production) of archived specimens. Results from this study provide new, supportive evidence 

that consumer-resource interactions underly T. gracilentus population fluctuations in Mývatn. 

Chapter 4 explores the patterns in abundance and resource use between T. gracilentus and 

Mývatn’s second most abundant consumer, Chironomus islandicus. These ecologically similar 

taxa show synchronous population fluctuations and coexist in sediment habitats. Results from 

this study demonstrate their differences in resource use, suggesting that resource partitioning 

may facilitate their co-occurrence at high abundances. 
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INTRODUCTION 

 

Ecosystem variability is influenced by external drivers and internal dynamics (Weathers 

et al. 2013). In many systems, natural or anthropogenically induced environmental variation 

affects ecosystem processes and structure (Vitousek 1994, Beard et al. 2005), such that external 

drivers can impact temporal ecosystem variability. For example, Finger et al. (2013) demonstrate 

that changes to external nutrient loading and meteorological variability can control lake primary 

productivity at decadal and interannual time scales. However, in other cases, internal dynamics 

may more strongly affect ecosystem variability than environmental factors (Krebs et al. 1995, 

Vahtera et al. 2007, Yoshida et al. 2008, Søndergaard et al. 2016). For instance, internal 

processes related to nutrient flux and transformations exert more control on interannual variation 

in nutrient availability than external loading in the Baltic Sea (Vahtera et al. 2007).  

Detecting mechanisms that contribute to ecosystem variability can be challenging, 

especially when they involve complex interactions among multiple ecological components (Stow 

et al. 1998). One method for understanding these mechanisms includes whole-ecosystem 

experiments, in which researchers perturb the system to examine how different components 

respond and interact with one another (Carpenter et al. 1995). This manipulative approach has 

been particularly useful for understanding how ecosystems respond to factors associated with 

environmental change (e.g., eutrophication, land-use change, chemical pollutants) and/or 

management strategies to mitigate these effects (e.g., re-oligotrophication, biomanipulation) 

(Likens et al. 1970, Schindler et al. 1973, Hall et al. 1980, Carpenter et al. 2001, Jeppesen et al. 

2002, Lathrop et al. 2002). Another method involves observing temporal trends in a particular 

ecosystem (Rodriguez et al. 2003) or comparing multiple ecosystems amongst each another 
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(Kratz et al. 1997, Rosenthal et al. 2006), which can distinguish factors that alter ecosystem 

function and structure. In particular, natural ecosystem variability provides repeated 

opportunities to observe a system in different ecological conditions and examine what 

components may interact as a cause and consequence of this variation. Thus, ecosystems with 

high temporal variability are particularly valuable for untangling how internal dynamics impact 

ecosystem function.  

Lake Mývatn is well-suited for examining how internal dynamics control ecosystem 

function for two primary reasons. First, several aspects of Mývatn’s ecology show substantial 

year-to-year variation, which provides the opportunity to examine how interactions among 

multiple components contribute to and respond to these ecosystem changes. In particular, this 

dissertation focuses on the temporal variability in the abundance of Mývatn’s dominant 

consumer and in the partitioning of primary production between benthic and pelagic habitats. 

Second, Mývatn has a relatively simple food web structure; thus, detecting how one ecological 

component affects other components should be easier than in a more complex ecosystem.  

 Lake Mývatn is located in northeastern Iceland (65°40’N 17°00’W), in an area 

characterized by a subarctic climate. The lake is located in a rain shadow of a large glacier, 

Vatnajökull, which contributes to relatively low rainfall and high solar radiation (Jónasson 

1979). The Mývatn area is relatively sparsely populated, although the land surrounding the lake 

is agriculturally developed for growing hay and grazing sheep (Einarsson et al. 2004). The lake’s 

watershed consists of permeable, basaltic soil and heathland vegetation. Mývatn is relatively 

large and is split between a main south basin (28.2 km2) and a smaller north basin (8.5 km2), 

which are connected by a narrow channel. The main basin has average depth of 2.3 m and a 

maximum depth of 4.2 m (Jónasson 1979). In the north basin, the average natural depth is 1 m, 
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but diatomite dredging from the 1967 to 2004 created depressions > 5 m deep (Einarsson et al. 

2004). With the exception of these deep depressions, the lake remains mixed during the ice-free 

period, and water temperatures largely fluctuate with air temperatures. Mývatn is naturally 

eutrophic due to nutrient-rich groundwater springs that enter the lake along its eastern shore 

(Ólafsson 1979a). External phosphorus inputs are high, and nutrient inputs to the lake have 

relatively low N:P ratios (6:1 and 1:1 in the north and south basin, respectively) (Ólafsson 

1979a). Internal loading of nutrients from the sediment to the water column is potentially high 

due to large nutrient pools in the interstitial water (Gíslason et al. 2004). Together, high nutrient 

inputs and long daylength during the summer growing season contribute to Mývatn’s high 

productivity. 

The most notable example of Mývatn’s variability is the dramatically fluctuating 

abundance of its main consumer. The English translation of Mývatn is “midge lake,” and 

chironomid (Chironomidae: Diptera) larvae dominate secondary production. The most prevalent 

species, Tanytarsus gracilentus, undergoes large fluctuations in abundance that span 4-5 orders 

of magnitude, with irregular population crashes occurring every 4.5-9.5 years. T. gracilentus 

population fluctuations have substantial effects on other aspects of the ecosystem. For example, 

silken tubes constructed by T. gracilentus larvae stabilize the sediment and provide physical 

structure to benthic habitats (Ólafsson and Paterson 2004). This ecosystem engineering affects 

community structure of benthic Cladocera, such that some species are positively associated with 

high T. gracilentus abundance and others become abundant when midge abundance is low 

(Einarsson and Örnólfsdóttir 2004, Webert et al. 2017). Additionally, most of the roughly 35 

other species of chironomids fluctuate in synchrony with T. gracilentus (Gardarsson et al. 2004). 

Emergent adult midges provide an allochthonous resource pulse to the adjacent landscape, such 
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that the population abundance of T. gracilentus can also influence community structure and 

ecosystem processes in terrestrial food webs (Hoekman et al. 2011, 2019, Gratton et al. 2017). 

The most likely cause underlying T. gracilentus population fluctuations is the consumer-

resource interaction between larvae and their dominant food source, benthic diatoms. T. 

gracilentus wing lengths (i.e., a proxy for resource availability) decline in the generations 

leading to a population crash, but there is no relationship between the abundances of T. 

gracilentus and potential predators (Einarsson et al. 2002). Additionally, a strong relationship 

between midge abundance (fossilized head capsules) and diatoxanthin (a pigment produced by 

diatoms) was detected in a paleoecology study (Einarsson et al. 2016). Moreover, a consumer-

resource model that predicts alternative dynamical states between a stable high point and a high-

amplitude cycle closely matches the complex patterns in T. gracilentus abundance observed over 

multiple decades (Ives et al. 2008). Conversely, T. gracilentus fluctuations are asynchronous 

with those in a nearby lake, suggesting that population dynamics at Mývatn are not driven by 

external climatic or environmental factors (Einarsson et al. 2004; Ives et al. 2008). In short, 

resource availability strongly affects T. gracilentus population fluctuations, and T. gracilentus is 

a keystone species in the Mývatn ecosystem. Therefore, understanding the dynamics of the 

whole system requires characterizing the controls on benthic primary production. 

Another example of Mývatn’s ecosystem variability is the partitioning of primary 

production between benthic and pelagic habitats. Mývatn’s shallow depth promotes high benthic 

primary production, which can contribute a majority of total lake productivity (Einarsson et al. 

2004). However, intermittent phytoplankton blooms, predominantly Dolichospermum spp. 

cyanobacteria, can also substantially contribute to total production (Jónasson and Adalsteinsson 

1979, Phillips 2020). While cyanobacteria blooms are a natural part of Mývatn’s ecology, their 
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timing, severity, and spatial extent are highly variable. In some years, a dense bloom spreads 

throughout much of the lake, but in other years, the lake largely remains relatively clear, such 

that benthic algae likely dominate total production (Einarsson et al. 2004). This variation in the 

relative contributions by benthic and pelagic primary producers likely has substantial effects on 

other ecosystem processes. For instance, while benthic pathways dominate energy flow in 

Mývatn (Jónasson 1979), shading by cyanobacteria could reduce benthic productivity and, 

consequently, affect energy availability in benthic habitats. Moreover, like other systems 

(Jansson 1980, Hansson 1988), benthic algae appear to control nutrient flux from Mývatn’s 

sediment to the water column (Thorbergsdóttir and Gíslason 2004), such that reductions in their 

photosynthetic activity could impact nutrient transport and cycling. 

Compared to T. gracilentus population fluctuations, the causal factors contributing to the 

variation in cyanobacteria bloom intensity at Mývatn are less clear and may include external and 

internal drivers. Previous discussions have linked early ice-off with earlier cyanobacteria bloom 

formation and proliferation throughout the lake (Jónasson and Adalsteinsson 1979). Due to its 

shallow depth, Mývatn is susceptible to wind-driven mixing and sediment resuspension 

(Ólafsson 1979b), which is associated with internal phosphorus loading in other lakes 

(Søndergaard et al. 1992). In particular, early summer wind events contribute to high phosphate 

release in Mývatn (Einarsson et al. 2004). While meteorological drivers associated with ice off 

and wind events may influence cyanobacteria bloom dynamics at Mývatn, neither explanation is 

likely the single causal factor. For example, 2014 had an unusually early ice-off date (March 26; 

Árni Einarsson, unpublished data) compared to 2015 (May 17), but the cyanobacteria bloom in 

2015 appeared to spread throughout Mývatn earlier than in 2014 (Chapter 2, Figure 3). 

Additionally, in two consecutive years that experienced early summer sediment resuspension and 
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associated phosphate release, a cyanobacteria bloom only developed in one of the years 

(Einarsson et al. 2004). Lastly, high T. gracilentus densities should theoretically decrease 

cyanobacteria bloom occurrence because larval tube-building and bioturbation respectively 

stabilize and oxygenate the sediment (Ólafsson and Paterson 2004, Holker et al. 2015), thereby 

mitigating nutrient release (especially phosphate). However, in some years, severe cyanobacteria 

blooms have failed to develop when midge abundance is relatively low (e.g., 2019), while 

extensive cyanobacteria blooms have occurred in years with high midge abundance (e.g., 2014). 

Thus, internal dynamics potentially interact with external drivers to influence variation in the 

partitioning of primary production in Mývatn.  

Much of the work presented in this dissertation explores factors affecting benthic primary 

productivity and resource use of benthic consumers in the context of Mývatn’s high natural 

ecosystem variability. Resource limitation as a contributing factor for T. gracilentus population 

fluctuations poses the question of whether abiotic factors (e.g., nutrients) control benthic primary 

production. In Chapter 1, I examine whether nutrients (nitrogen and phosphorus) limit benthic 

primary producers. In particular, I hypothesized that nitrogen might be limiting because of the 

low N:P ratios in Mývatn and previous measurements suggesting high nitrogen assimilation by 

benthic algae (Thorbergsdóttir and Gíslason 2004). Measuring benthic algal biomass, primary 

production, and composition allowed me to examine relationships among these components in 

response to nutrient enrichment. Benthic primary production was not nutrient limited; rather, 

nitrogen resulted in a transient inhibition of benthic primary production and also a shift in 

community composition. At the end of the experiment, primary production did not differ among 

nutrient treatments. Results from this experiment suggest that nutrient-driven taxonomic shifts 

can result in community compositions that achieve similar ecological function. While this 
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experiment did not detect nutrient limitation of benthic primary producers, it represents a 

snapshot response to nutrient enrichment under admittedly unnatural conditions. Thus, it does 

not necessarily rule out the potential importance of nutrient-algae interactions in influencing 

temporal variability of benthic primary production. 

Chapter 2 also examines factors influencing benthic primary production in Mývatn. In an 

observational study based on routine monitoring data, I estimate the relative contribution of 

benthic and pelagic primary production across seven years. In three years of the study, 

cyanobacteria blooms spread throughout much of the lake and reduced the benthic production by 

limiting benthic light availability. Measurements of the maximum potential productivity rates by 

benthic algae showed variation across and within years. Using this observed natural variation, I 

explored how maximum potential benthic productivity rates can influence the response of total 

production during a shift from benthic-dominated production toward pelagic-dominated 

production. Results from this study illustrate the substantial variation in how primary production 

is partitioned between habitats in Mývatn and highlights the value of ecological monitoring for 

understanding temporal dynamics in the balance between benthic and pelagic production. 

In Chapter 3, I examine consumer-resource interactions between T. gracilentus and 

benthic productivity using carbon isotope analysis of archived specimens collected from 1977 to 

2015. Because T. gracilentus is an herbivore with reliance on benthic resources, their δ13C values 

are interpreted as a proxy for benthic primary production. A state-space model that estimated 

interactions within and between T. gracilentus abundance and δ13C values produced results that 

were consistent with a consumer-resource interaction. 13C-enrichment, indicating high 

productivity, was associated with increased T. gracilentus abundance; and high T. gracilentus 

abundance was associated with 13C-depletion, consistent with benthic productivity declines. 



xiv 
 

These results provide new, supportive evidence that consumer-resource interactions drive T. 

gracilentus population fluctuations and demonstrates potential applications of stable isotope 

analyses for reconstructing consumers-resource dynamics.   

In Chapter 4, I examine the patterns in abundance and resource use between coexisting 

benthic consumers. Chironomus islandicus is the second-most abundant benthic consumer in 

Mývatn, and its population undergoes fluctuations that are synchronous with those of T. 

gracilentus (Gardarsson et al. 2004). T. gracilentus and C. islandicus are ecologically similar 

taxa and co-occur in the benthos; this poses the question of whether resource use overlap and 

potential interspecific competition influence both species’ population fluctuations. Larval 

abundances of the two taxa were positively correlated at small spatial scales, such that high T. 

gracilentus larval abundances were also associated with high C. islandicus larval abundances. 

Stable carbon isotope analysis revealed interspecific differences in resource use. These results 

suggest that T. gracilentus and C. islandicus partition resources at the spatial scale of individual 

midge larvae, which may in part explain their coexistence at high densities. Overall, these 

projects illustrate some of the interactions that are linked to Mývatn’s ecosystem variability. 
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SUMMARY 

1. Understanding how nutrient limitation affects algal biomass and production is a long-standing 

interest in aquatic ecology. Nutrients can influence these whole-community characteristics 

through several mechanisms, including shifting community composition. Therefore, 

incorporating the joint responses of biomass, taxonomic composition, and production of algal 

communities, and relationships among them, is important for understanding effects of nutrient 

enrichment.  

2. In shallow subarctic Lake Mývatn, benthic algae compose a majority of whole-lake 

production, support high secondary production, and influence nutrient cycling. Given the 

importance of these ecosystem processes, the factors that limit benthic algae have a large effect 

on the function and dynamics of the Mývatn system. 

3. In a 33-day nutrient enrichment experiment conducted in Lake Mývatn, we measured the joint 

responses of benthic algal biomass, primary production, and composition to nitrogen (N) and 

phosphorus (P) supplementation. We enriched N and P using nutrient-diffusing agar overlain by 

sediment, with three levels of N and P that were crossed in a factorial design.  

4. We found little evidence of community-wide nutrient limitation, as chlorophyll-a 

concentrations showed a negligible response to nutrients. Gross primary production (GPP) was 

unaffected by P and inhibited by N enrichment after 10 days, although the inhibitory effect of N 

diminished by day 33.  

5. In contrast to biomass and primary production, community composition was strongly affected 

by N and marginally affected by P, with some algal groups increasing and others decreasing with 

enrichment. The taxa with the most negative and positive responses to N enrichment were 

Fragilariaceae and Scenedesmus, respectively. 
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6. The abundance of particular algal groups, based on standardized cell counts, was related to 

GPP measured at the end of the experiment. Oocystis was negatively associated with GPP but 

was unaffected by N or P, while Fragilariaceae and Scenedesmus were positively associated with 

GPP but had opposite responses to N. As a result, nutrient-induced compositional shifts did not 

alter GPP. 

7. Overall, our results show that nutrient enrichment can have large effects on algal community 

composition while having little effect on total biomass and primary production. Our study 

suggests that nutrient-driven compositional shifts may not alter the overall ecological function of 

algal communities if (i) taxa have contrasting responses to nutrient enrichment but have similar 

effects on ecological processes, and/or (ii) taxa that have strong influences on ecological function 

are not strongly affected by nutrients.  

 

INTRODUCTION 

Nutrients, especially nitrogen (N) and phosphorus (P), commonly limit aquatic primary 

producers (Elser et al., 2007; Francoeur, 2001). While nutrient limitation is often described as a 

community-level characteristic that influences total biomass and production, algal taxa within a 

community may display contrasting responses to enrichment due to differences in nutrient uptake 

rates, utilization, and requirements for maximum growth rates (Bothwell, 1989; Litchman, 

Klausmeier, Schofield, & Falkowski, 2007; Tilman, 1977). Consequentially, compositional shifts 

often accompany changes in nutrient conditions, with potential impacts on community biomass 

and production. Since nutrient-driven responses of algal biomass and production may be 

mediated by nutrient-induced compositional shifts, understanding these three components of the 
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community (biomass, production, and composition) is important to clarify mechanisms behind 

whole-community responses to nutrients. 

Whole-community biomass, often using chlorophyll or biovolume as a proxy, is a 

commonly measured response in nutrient enrichment studies (Borchardt, 1996; Francoeur, 

2001). However, compositional shifts can drive changes in community biomass. For instance, 

increased benthic algal biomass under nutrient enrichment may be due almost exclusively to the 

increase of one or two algal taxa  (Carrick & Lowe, 1988; Fairchild, Lowe, & Richardson, 1985). 

Alternatively, even if a taxon’s abundance increases due to nutrient enrichment, it may not have 

a large effect on whole-community biomass if its relative abundance, in terms of proportion of 

total biovolume, is low (Fairchild et al., 1985). Compensatory biomass changes may also occur, 

such that nutrient-induced compositional shifts may support alternate phytoplankton 

communities of similar biomass, resulting in no significant nutrient effects on overall biomass 

(Vrede et al., 2009). Consequentially, whole-community biomass patterns may not be fully 

understood without assessing the responses of individual taxa.  

In addition to community biomass, nutrient enrichment can also affect rates of primary 

production; these effects can be indirect, acting through the effects of nutrient addition on 

biomass, biomass-specific production rates, and community composition.  Observational studies 

demonstrate a positive relationship between biomass and production (Cole, Cloern, & Alpine, 

1986; Loeb & Reuter, 1981), and concurrent increases in area-specific production rates and algal 

biomass can follow experimental nutrient enrichment (Rosemond, 1993). Furthermore, enhanced 

production through increased biomass can occur without changing per capita metabolic rates 

(Marcarelli, Bechtold, Rugenski, & Inouye, 2009), possibly because biomass can continue to 

accrue beyond nutrient concentrations that saturate cellular growth rates (Bothwell, 1989). As 
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nutrient limitation can reduce photosynthetic capacity, impair protein synthesis, and decrease 

chlorophyll pigments (Young & Beardall, 2003), increased nutrient availability can alleviate this 

physiological stress and enhance photosynthetic and growth rates of taxa in the existing 

community. Thus, nutrient enrichment can also influence production by altering biomass-specific 

production rates, even when the total biomass of the community does not change. For example, 

Greenwood & Rosemond (2005) observed increased algal productivity without a corresponding 

change in biomass or composition in a two-year enrichment experiment. Finally, compositional 

shifts may mediate nutrient-driven effects on production (Guasch et al., 1995; Marcarelli & 

Wurtsbaugh, 2006), since different algal taxa have different photosynthetic rates (Edwards, 

Thomas, Klausmeier, & Litchman, 2015; Underwood et al., 2005). For example, in several 

studies, Stigeoclonium tenue increased in abundance in terms of cell counts and/or biovolume 

under N and P enrichment (Fairchild et al., 1985; Marks & Lowe, 1989; Ozersky et al., 2018), 

but because this species has relatively low biomass-specific productivity compared to other algae 

(e.g., diatoms) (Rosemond & Brawley, 1996), this compositional shift could potentially reduce 

production compared to a community with similar overall biomass but an alternate assemblage. 

Similarly, increased density of small taxa with high growth rates may not manifest in observable 

changes in whole-community biovolume (Marks & Lowe, 1993), but if nutrient enrichment 

favors these taxa, this could increase productivity. Finally, multiple mechanisms may 

simultaneously influence production under nutrient enrichment. For example, increased benthic 

production may be affected by both a compositional shift toward taxa with higher photosynthetic 

capacities and an increase in overall community biomass (Guasch et al., 1995), which highlights 

the interrelatedness of biomass, primary production, and composition.  
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Our objective was to determine the effect of sediment nutrient enrichment on benthic 

algal biomass, primary production, and composition in shallow Lake Mývatn located in 

northeastern Iceland. Many lakes worldwide are shallow (Cael, Heathcote, & Seekell, 2017; 

Karlsson et al., 2009; Wetzel, 2001), and benthic algae play important ecological roles in these 

systems (Vadeboncoeur, Peterson, Vander Zanden, & Kalff, 2008; Vadeboncoeur, Vander 

Zanden, & Lodge, 2002). Thus, understanding the factors controlling benthic algal growth, 

production, and community composition is important for understanding ecosystem processes 

across a global scale. While Mývatn’s benthic production can be episodically limited by light 

(Phillips et al., 2019), it is unknown whether benthic algae are nutrient limited. There have been 

no direct tests of benthic nutrient limitation in Mývatn, but Thorbergsdóttir & Gíslason (2004) 

found that NH4
+

 fluxes were consistently from the water column toward the sediment, suggesting 

high assimilation by benthic algae. Furthermore, while the lake receives high nutrient inputs 

from springs, the low N:P molar ratio of these inputs (Ólafsson, 1979) suggests the possibility of 

benthic N-limitation (Thorbergsdóttir & Gíslason, 2004). Because the response to nutrients may 

differ across enrichment levels and N:P concentrations, we used a gradient of no, low, and high 

supplementation of N and P. We predicted that community-wide biomass and production would 

respond to N supplementation. We investigated community structure because we were interested 

in whether nutrient-driven community-level responses (i.e., production and biomass) were 

associated with compositional shifts of different taxa. 

 

METHODS 

Study System 
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Lake Mývatn is a shallow, naturally eutrophic lake located in northeastern Iceland 

(65°40’N 17°00’W) with a surface area of 37 km2 and a tundra-subarctic climate (average water 

temperature from June-August is approximately 12C). The lake’s main south basin has an 

average depth of 2.3 m and a maximum depth of 4.2 m (Jónasson, 1979). Water enters Mývatn 

from springs on the east side of the lake, and these waters are naturally nutrient rich, with annual 

inputs of 1.5 g P m-2 y-1, 1.4 g N m-2 y-1, and 340 g Si m-2 y-1 (Ólafsson, 1979). The nutrient 

inputs into the lake have a molar N:P ratio of approximately 2.8:1, and the nutrient inputs from 

the springs into the south basin have an N:P ratio of 1.1:1 (Ólafsson, 1979). Primary production 

is high, with estimates of 220 g C m-2 y-1, and benthic production can contribute a majority of 

annual productivity (Jónasson & Adalsteinsson, 1979). Diatoms (especially Fragilariaceae) that 

grow on the sediment dominate benthic production. In some regions of the lake, mats of 

filamentous green algae (Cladophora glomerata (L.) Kütz and Aegagropila linnaei Kütz) also 

contribute to benthic primary production. Phytoplankton production varies within and between 

years, and dense blooms of the N-fixing cyanobacterium Dolichospermum spp. (basionym: 

Anabaena; Wacklin, Hoffmann, & Komarek, 2009) intermittently occur. Benthic algae support 

large populations of midges (Diptera: Chironomidae) that may exceed densities of 200,000 m-2 

and account for more than 90% of secondary biomass production (Lindegaard & Jónasson, 

1979). The midges in turn support higher trophic levels, including fish and waterfowl. The midge 

species undergo large population fluctuations that have irregularly timed peaks and crashes 

(Einarsson et al., 2004), and these fluctuations are thought to be driven by consumer-resource 

interactions between larvae of the dominant midge species, Tanytarsus gracilentus (Holmgren), 

and benthic diatoms (Einarsson, Gardarsson, Gíslason, & Ives, 2002; Einarsson, Hauptfleisch, 

Leavitt, & Ives, 2016; Ives, Einarsson, Jansen, & Gardarsson, 2008). Therefore, characterizing 
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the controls on benthic algal production is necessary for understanding the dynamics of the 

whole system. 

 

Ambient conditions 

Ambient physiochemical conditions are routinely measured at a monitoring station in the 

middle of Mývatn’s south basin (Ives, 2013). Water temperature at 1-m depth at this station is 

recorded by a sonde (Hydrolab DS5X, Hach Company, Loveland, Colorado, USA). 

Approximately every 10 days, water samples are collected for measuring total N and total P 

concentrations, and water column characteristics (i.e., pH, dissolved oxygen, light) are measured 

at 0.5-m intervals. Hourly solar irradiance data are recorded by a local weather station. A 

regression model based on the routine light profiles and solar irradiance at the time of the profile 

was used to estimate light levels just below the water’s surface from solar irradiance data. 

 

Experimental Design and Sampling 

 We measured the biomass, primary production, and taxonomic composition of benthic 

algae in Mývatn across N and P gradients using experimental microcosms, which consisted of 1-

L clear, plastic containers (10.4 cm diameter  16 cm height; sensu Herren et al., 2017). 

Nutrients were added to the microcosm sediment using nutrient-enriched, slow-diffusing agar, 

prepared according to the methods of Tank, Bernot, & Rosi-Marshall (2006). Three levels for 

both N and P were crossed in a factorial design (9 treatment combinations) with 4 replicates each 

for a total of 36 microcosms. Nitrogen treatment levels were control (agar with no enrichment), 

medium (concentration of 0.1 M NH4Cl in the agar), and high (0.5 M NH4Cl). P treatment levels 
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were control, medium (0.0065 M KH2PO4), and high (0.033 M KH2PO4). We assessed benthic 

algae responses to NH4
+ enrichment rather than NO3

- because NH4
+ is the dominant source of 

inorganic N in the interstitial water of Mývatn (Gíslason, Eiríksdóttir, & Ólafsson, 2004) and 

sediments in general (Steinman, Abdimalik, Ogdahl, & Oudsema, 2016). Furthermore, the ratio 

of dissolved inorganic carbon (DIC) consumption and gross benthic dissolved oxygen production 

in Mývatn is consistent with algae using NH4
+ rather than NO3

- as an N source (Thorbergsdóttir 

& Gíslason, 2004). Medium and high treatments represent 100- and 500-fold enrichments of 

ambient N and P concentrations, respectively, from interstitial water in Mývatn’s sediment 

(0.001 M NH4 and 0.000065 M PO4; Gíslason et al., 2004). These enrichment concentrations 

were not designed to represent realistic nutrient inputs, and we acknowledge that both medium-N 

and high-N treatments are much higher than ambient NH4
+ interstitial concentrations. However, 

a concentration of 0.5 M NH4
+ is commonly used in experiments employing nutrient-diffusing 

agar to assess nutrient limitation (Fairchild et al., 1985; Reisinger, Tank, & Dee, 2016; Steinman 

et al., 2016; Tank & Dodds, 2003; Tank et al., 2006; Vizza et al., 2018) to attempt to provide a 

source of supplemental nutrients over the duration of the experiment. The molar N:P ratios are 

the same for the medium-N  medium-P and high-N  high-P nutrient treatments, and they 

match the NH4:PO4 ratios (15.4:1) reported by Gíslason et al. (2004). Each microcosm received 

100 mL of agar cut into 1-cm cubes. A mesh-covered plastic ring that fit snugly against each 

microcosm’s inner wall was placed over the top of agar cubes to prevent them from floating. 

We collected sediment for the experiment from the routine monitoring site in the middle 

of Mývatn’s south basin (3.3 m deep) using Kajak corers on 28 June 2016. As this area was free 

of macrophytes, our study focused on the algal community living on the sediment (epipelon). 

The top 7 cm of sediment from multiple cores was homogenized and sieved through 125-µm 
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mesh to remove macroinvertebrates while retaining the associated epipelic communities. The 

sediment settled in a cool, dark location for 84 h before being added to the microcosms. We 

covered the agar cubes and mesh-covered plastic ring in each microcosm with 200 mL of sieved 

sediment (sediment height 4.5 cm). The bottom portion of sediment in the microcosms was 

excluded from light exposure with multiple layers of black tape, but the top 2 cm of sediment 

adjacent to the sides of the microcosms were exposed to light. A schematic of this setup can be 

found in the Supplemental Information (Figure S1). Microcosms were secured onto 3 flat metal 

racks which each held 12 microcosms. Each rack had a complete block of 9 N and P treatment 

combinations, and the remaining microcosms were haphazardly distributed among the 3 racks. 

While setting up the experiment, one replicate of the high N  control P was lost. The racks were 

deployed on the bottom of the lake at 1.75 m depth in a shallow bay near the southern shore of 

the lake on 4 July 2016 (day 0 of the experiment).  

 We measured microcosm metabolism and sediment characteristics twice during the field 

experiment. On days 10 and 33, we measured net ecosystem production (NEP) and community 

respiration (RESP) with paired light and dark incubations of each microcosm, during which we 

measured the change in dissolved oxygen (DO) levels. We randomly determined the order of 

dark and light incubations for a rack of microcosms. Dark conditions were achieved by applying 

fitted black tarp coverings on top of each microcosm. We measured DO concentration (mg O2 L
-

1) of the water column of each microcosm at the start and end of each incubation with a ProODO 

Probe (YSI, Yellow Springs, Ohio, USA). During the incubations lasting 3-6 h, microcosms 

were sealed with a water-tight lid, and care was taken to remove all air bubbles when lids were 

applied. Water in the microcosms was left static during the incubations, but we gently mixed the 

water column with the probe before taking DO measurements. Several times during incubations, 
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we recorded photosynthetically active radiation (PAR) with a light sensor (Li-192 Quantum 

Underwater Sensor, Li-COR, Lincoln, Nebraska, USA) at different depths and regressed ln-

transformed PAR against depth to estimate light attenuation coefficients (kD) at the experimental 

site. We used the kD coefficients and the estimated light levels just below the water’s surface to 

calculate PAR availability during the experimental incubations and deployment. NEP was 

calculated as the hourly change in evolved O2 (mg O2 h
-1) during light incubations, and RESP 

corresponded to the rate of oxygen consumption (mg O2 h
-1) during dark conditions. Under the 

assumption that RESP is equal under light and dark conditions, we calculated gross primary 

production (GPP) as the summed magnitudes of NEP and RESP. Microcosms were incubated at 

a depth of 1.75 m, except for the second set of day 10 incubations (a dark incubation for two 

racks and a light incubation for one rack), which were done onshore due to abrupt, poor weather 

conditions. Incubation location (in lake vs. onshore) did not influence day 10 NEP (t28.26 = -0.66, 

p = 0.515), but RESP was higher for incubations onshore than in the lake (t25.49 = -9.51, p < 

0.001), likely due to differences between water and air temperatures. However, this effect had no 

interaction with N or P, and the distribution of microcosm nutrient treatments between onshore 

and in-lake incubation locations was relatively balanced for dark incubations. One of the 

medium-N  medium-P replicate microcosms was lost on day 33 during the incubations. 

 Based on observations from day 10 incubations in the field experiment (see RESULTS: 

Ecosystem Metabolism), we set up a supplemental laboratory experiment to investigate whether 

the nutrient effects on production were reproducible among experiments. The lab experiment 

methods and results, which are broadly similar to the field experiment, are described in the 

Supplemental Information. 
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 We collected sediment from each microcosm on days 10 and 33 of the experiment by 

haphazardly pipetting roughly 1 mL of sediment from 5 points distributed across the sediment 

surface of each microcosm. We used a 0.5 mL subsample of this sediment sample to measure 

benthic chlorophyll-a concentrations (CHL). Sediment samples for CHL were extracted in 100% 

methanol for 24 h in the dark and measured using a fluorometer (AquaFluor, Turner Designs, 

San Jose, California, USA). On day 33 we observed green bands of sediment (~1 cm thick) 

adjacent to the exterior walls of some microcosms and roughly 2 cm below the sediment surface, 

which had been exposed to light during the experiment because it was above the black shading. 

We sampled this sediment by pipetting a total volume 2 mL from 5 locations adjacent to the wall 

of each microcosm. Subsamples of both the surface and subsurface sediment (0.5 mL each) from 

day 33 were stored in separate 3.7-mL glass vials with water and preserved with Lugol’s 

solution. To characterize algal composition, sample vials were gently inverted, and a 65-µL 

subsample was placed onto a microscope slide with a cover slip. Identification was completed 

with a compound microscope at 400× magnification. Cell composition was quantified by 

recording all cells occurring along a transect across the slide width, and two transects on a single 

slide were counted for each sample. Besides three diatom groups (Fragilariaceae, Navicula spp., 

Epithemia spp.), most taxa were rare and were grouped as either ‘other large diatoms’ (length 

>40 µm) or ‘other small diatoms.’ Diatoms were also scored as alive or dead based on whether 

their chloroplasts were fully expanded. Surface and subsurface samples were examined 

separately from each microcosm, and the cell counts were summed from the two samples per 

microcosm for subsequent analysis. 

 

Nutrient Release Rates 
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 To examine differences in nutrient release from sediment-containing agar across 

treatments, we set up additional microcosms as in the field experiment containing a subset of the 

nutrient treatment combinations (control N × control P, medium N × medium P, and high N × 

high P), with two replicates each. These microcosms were maintained indoors, and unlike the 

experimental microcosms which were open to the lake water column, the nutrient release units 

were closed systems. Consequentially, the nutrient concentrations in these release rate units are 

likely quite different from those overlaying the sediment in the field experiment, and these 

concentrations may influence flux measurements. Nonetheless, our intention was that the flux 

rates would provide a comparison among our nutrient treatments. Release rates were measured 

three times (4, 14, and 32 d after setup). For each release rate measurement, ‘initial’ and ‘final’ 

samples were collected (24-28 h apart) from the water overlying the sediment, filtered (0.45 µm) 

into 20-mL polyethylene bottles, and frozen. The sampled water was replenished between day 4, 

14, and 32 release rate measurements. Water samples from the day 14 measurements were 

analyzed with the phenol hypochlorite technique for ammonia (O’Dell, 1993a) and the 

antimony-phospho-molybdate technique for soluble reactive phosphorus (SRP) (O’Dell, 1993b) 

using a segmented flow autoanalyzer (Flow Solution FS 3100, OI Analytical, College Station, 

Texas, USA), and ammonium and phosphate samples from days 4 and 32 were analyzed using 

ion chromatography (Dionex 2100 and 1100 Ion Chromatography, Thermo Scientific, Waltham, 

Massachusetts, USA). Since analysis methods differed across the dates of release rate 

measurements, we focus our comparison of nutrient diffusion rates from the sediment to water 

column among nutrient treatments for each time point. Release rates were calculated by 

converting the difference between the final and initial solute concentrations to a flux rate of 



14 
 

solutes by accounting for the volume of water in each microcosm, area of the sediment surface 

(81 cm2), and time between initial and final samples. 

 

Statistical Analysis 

We used linear mixed models (LMMs) to examine effects of N and P enrichment on 

CHL, GPP, NEP, and RESP. For each response variable, we included N and P enrichment, time, 

and all two-way interactions as fixed effects. N and P were treated as factors (control, medium, 

high) rather than as numeric concentrations to better account for potential nonlinearities that 

have been observed in previous nutrient enrichment studies across multiple levels of N and P 

(Marks & Lowe, 1993). The models were fit using restricted maximum likelihood (REML), 

including rack and microcosm identity as random effects to account for blocking and the fact that 

each microcosm was sampled twice. Response variables CHL, GPP, NEP, and RESP were ln-

transformed to meet normality assumptions. P-values from the LMMs were calculated from F-

tests with the Kenward-Roger approximation. We report the p-values for the full version of each 

model, rather than first removing non-significant variables from the model to avoid "selective 

inference" (Taylor & Tibshirani, 2015) which occurs when removing model predictor terms 

artifactually increases the explanatory power of non-significant terms on a response variable 

(Freedman, 1983). However, we also performed type II F-tests to investigate the influence of the 

main effects without considering higher-order interactions, and we present these results in the 

Supplemental Information. The interpretations from type III and II tests are qualitatively the 

same, except for RESP, in which a main effect became significant when not considering non-

significant interactions (i.e., Type II F-test results), which we indicate in the results. In order to 
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investigate the relationship between biomass and production, we used an LMM to determine if 

CHL influenced GPP (see Supplemental Information for details). 

We quantified variation in algal composition across N and P concentrations using two 

complementary methods: redundancy analysis (RDA) and multilevel linear models (MLMs). 

(MLMs and LMMs are mathematically equivalent, but we use “MLM” for the community 

composition analyses to distinguish them from the analyses of CHL, GPP, NEP, and RESP.) For 

both community analyses, we standardized (z-scored) cell counts for each algal group as well as 

N and P concentrations by subtracting their respective means and dividing by their standard 

deviations. All community composition analyses were based on standardized cell counts rather 

than other metrics (i.e., biovolume). As RDA maximizes variation along predetermined axes of 

interest, this analysis allowed us to examine how closely community composition was associated 

with nutrient treatments. We used partial Mantel tests to assess the effects of N and P 

concentrations on composition over 2000 permutations; to investigate the effect of either N or P, 

the RDA was performed while permuting the nutrient of interest and keeping the other constant. 

  In the MLMs, the standardized cell counts of algal groups were regressed against fixed 

effects of N and P concentrations. The first MLM had random effects that allowed different 

responses to N and P enrichment for each algal group (Bartrons et al., 2015; Jackson, Turner, 

Pearson, & Ives, 2012) and a random effect for each microcosm. Significant variation in taxa-

specific responses to nutrient treatments implies shifts in community composition (Jackson et al., 

2012). To determine whether the treatment effects influenced algal composition, we used a 

likelihood ratio test (LRT) to compare the full model to a model without the random effect of an 

N or P slope for each algal group; a significant random effect of the slope implies that the 

response to N or P varies significantly among taxa. Although this MLM gives a test for variation 
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among groups in their responses to N and P and provides a taxon-specific coefficient, it is 

difficult to estimate confidence in the random taxon-specific slopes. Therefore, we used a second 

MLM that treated algal groups as categorical variables and included interactions of taxon-

specific slopes with N and P as fixed effects (rather than random effects as in the first MLM); the 

model also included a random effect for microcosm. We performed a parametric bootstrap on the 

second MLM over 2000 simulations and used the output to calculate the coefficients for the 

response of each algal group to N and P (the main effect of N or P plus the interaction coefficient 

for each algal group) and their associated confidence intervals (Ives, 2018). All algal group-

specific coefficients for responses to N and P are reported from this second MLM.  

Finally, to explore the relationship between community structure and primary production, 

we regressed day 33 ln-transformed GPP against the standardized cell count abundances within 

algal groups using a simple linear model (LM). We acknowledge that directly relating algal 

abundance to primary production would require biovolumes of taxa and that cell counts are an 

inadequate way to quantify biomass (Hillebrand, Durselen, Kirschtel, Pollingher, & Zohary, 

1999; Lavoie, Campeau, Fallu, & Dillon, 2006). However, we were interested in how variation 

in community structure explained variation in primary production rather than directly predicting 

production from community data. Using z-scored cell counts as predictors results in model 

coefficients that can be interpreted in terms of standard deviation in the predictors, and therefore 

are comparable across taxa.  

All statistical analyses were conducted in R version 3.4.3 (R Core Team, 2017), using the 

packages ‘lme4’ (Bates, Maechler, Bolker, & Walker, 2015) for LMMs and MLMs, ‘car’ (Fox et 

al., 2018) for F-tests, and ‘vegan’ (Oksanen et al., 2017) for the RDA.  
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RESULTS 

Ambient conditions 

 At the routine sampling location in Mývatn, the mean water temperature was 12.8 ºC, 

mean water column pH was 9.21, mean TN was 0.328 mg L-1, and mean TP was 0.223 mg L-1 

during the time of the field experiment. The light attenuation was relatively low, with kD values 

of 0.474 m-1 and 0.515 m-1 for day 10 and 33 incubations. Based on these attenuation 

coefficients, during the incubations, PAR on days 10 and 33 averaged 264 µmol m-2 s-1 and 229 

µmol m-2 s-1, which are above previously measured light saturating conditions for periphyton 

(Liboriussen & Jeppesen, 2006). Averaging the two kD coefficients, the average PAR at 1.75 m 

between sunrise and sunset over the entire experiment was 156 µmol m-2 s-1. 

 

Nutrient release rates 

Differences in P release rates between treatments remained relatively consistent through 

time: on days 4, 14 and 32, the release rates for the control treatment were 0.001, 0.003, and 

0.003; for the medium treatment 0.007, 0.007 and 0.003; and for the high treatment 0.015, 0.017 

and 0.054 µmol cm-2 h-1 (Table S1). On day 14, different methods were used to measure N and P 

concentrations from days 4 and 32. On days 4 and 14 of the nutrient release experiment, N 

(based on NH4
+ or NH3 measurements) release rates varied as expected across enrichment 

treatments, with minimal release from the controls (0.003 and 0.018 µmol cm-2 h-1; Table S1) 

and greater release from the medium (0.31 and 0.13 µmol cm-2 h-1) and high treatments (1.57 and 

0.47 µmol cm-2 h-1). However, on day 32, N release from the medium treatment was much 

reduced (0.040 µmol cm-2 h-1) and no different from controls (0.039 µmol cm-2 h-1), while the 

high treatment had a negative flux toward the sediment (0.39 µmol cm-2 h-1). These results 
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suggest that either N release from the agar was complete by day 32 or that the elevated initial 

(mean: 319 mg L-1) and final (296 mg L-1) NH4
+ concentrations in the water column of the high 

nutrient replicates reduced the diffusive flux from the sediment to overlying water. High 

concentrations of NH4
+ had time to accumulate in the overlying water between day 14 and 32 

measurements because the release rates were measured in closed microcosms. In contrast, 

experimental microcosms were open to exchange with the lake water, so these high NH4
+ 

concentrations should not reflect experimental conditions. We designed our nutrient treatments 

with the goal of maintaining similar N:P ratios to those measured in the interstitial water at 

Mývatn (15.4:1, Gislason et al. 2004). Comparing the ratio of N and P fluxes suggests that the 

N:P ratios being released into the water column were higher than this target ratio early in the 

experiment but that they decreased through time. For instance, on day 4, the medium and high 

N:P flux ratios were 46 and 104, suggesting substantially more N release relative to P,  but by 

day 14, the medium and high N:P flux ratios decreased to 18 and 28. However, these nutrient 

release measurements did not measure release of nutrients from the agar directly; rather they 

account for the release of nutrients from the agar and through the sediment layer. Because 

sediment conditions can influence release of nutrients into the overlying water column (e.g., oxic 

conditions can inhibit phosphate release; Carlton & Wetzel, 1988), these N:P flux ratios may not 

actually reflect the nutrient supply entering the sediment that was available to the epipelic 

community.   

Estimated annual diffusive fluxes of PO4
- and NH4

+ in Mývatn (reported by Gislason et 

al., 2004) scale to 0.000037 and 0.001549 µmol cm-2 h-1 respectively, demonstrating that our 

microcosm treatments resulted in higher-than-natural flux rates. While we acknowledge our 

higher flux rates, our goal was to obtain responses to nutrient enrichments within the practical 
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time constraints of experimental manipulations. We acknowledge that results from the release 

rate study cannot be directly translated to the field, since they differed in other conditions, such 

as temperature which can increase N diffusion from agar (Rugenski, Marcarelli, Bechtold, & 

Inouye, 2008). Nonetheless, these results satisfy our objective in demonstrating that the control, 

medium, and high nutrient enrichment treatments were achieved over at least the first 14 days of 

the experiment. 

 

Chlorophyll-a 

 In the field experiment, CHL was not affected by any interactions involving N, P, and 

time (Table 1). CHL declined through time, had a marginal but non-significant positive response 

to N enrichment, and had no response to P enrichment (Table 1; Table S2; Fig 1).  

 

Ecosystem metabolism  

Nitrogen enrichment reduced ecosystem metabolism in the field experiment, but these 

effects tended to change over the course of the experiment. GPP was significantly influenced by 

an N × time interaction (Table 1), whereby there was a negative effect of N on GPP on day 10 

that was not observed on day 33 (Table S3; Fig 2). The results for NEP paralleled those for GPP, 

with a decline in the effect of N through time (Table 1; Fig S2). N had no effect on RESP (Table 

1), and in the absence of non-significant interactions, RESP increased from day 10 to 33 (Table 

S4; Fig S2). P had no effects on GPP, NEP, or RESP (Table 1). Overall, these results indicate 

that N had a negative but transient effect on metabolism, while P had no effect. 
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 We investigated the influence of CHL on GPP; there was a non-significant effect of CHL 

on GPP (Table S5) suggesting no relationship between whole-community biomass and primary 

production.  

 

Community composition 

Nutrients played a substantial role in shaping algal composition by the end of the field 

experiment. Partial Mantel tests indicated that N had a strong effect on composition (p < 0.001) 

and that P had a weaker but significant influence on composition (p = 0.023). Several patterns 

emerged when comparing algal group scores for RDA axis 1, which was the axis strongly 

influenced by N enrichment (Fig 3). All diatoms and cyanobacteria had negative RDA1 scores, 

which suggests a negative association with N enrichment, while all green algae had positive 

RDA1 scores, which suggests a positive association with N enrichment (Table 2). Fragilariaceae 

and Scenedesmus had the most negative and positive responses to N enrichment, respectively 

(Fig 3; Table 2). RDA2 had an inverse relationship with P enrichment (Fig 3); small diatoms, 

cyanobacteria, and Fragilariaceae had the most negative RDA2 scores, suggesting their positive 

response to P (Table 2).  

In the MLMs incorporating the standardized cell count abundances of algal groups, the 

effects of nutrients on community composition are given by variation among taxa in their 

responses to N or P (i.e., the random slope for each algal group). In the model, N significantly 

affected community composition (LRT: χ2(1) = 38.17, p < 0.001), while the effect of P was 

marginally significant (LRT: χ2(1) = 4.05, p = 0.044). The coefficients from the second MLM 

treating each algal group as a categorical variable quantified the effects of N or P on the 

standardized cell count abundance of each algal group (i.e., a fixed slope for each algal group), 
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and generally reflected the patterns of the RDA scores (Table 2). Fragilariaceae had a strong 

negative response to N, while Scenedesmus had a strong positive response (Table 2; Figs 4, 5). 

Other green algae also had a positive response to N (Fig 4). Fragilariaceae, cyanobacteria, and 

small diatoms all appeared to have positive responses to P enrichment (Table 2; Figs 4, 5). Other 

green algae had a negative response to P, although the 95% confidence interval of the coefficient 

overlaps with zero (Fig 4). Other green algae and Scenedesmus also slightly declined in their 

relative abundance in response to P enrichment (Fig 5).   

 

Linking composition and GPP 

In order to relate algal composition to ecosystem function, we regressed ln-transformed 

GPP from day 33 against the standardized cell count abundances of each algal group. Oocystis 

standardized abundance showed the strongest relationship with GPP, which was negative (Fig 6; 

Table 3). However, this group was not strongly influenced by N or P (Table 2; Figs 3, 4, 6).  The 

standardized abundances of Scenedesmus and Fragilariaceae, the two groups most influenced by 

nutrients, had positive relationships with GPP (Table 3). While these two groups had similar 

effects on GPP, their responses to N were in opposite directions (Fig 6).   

 

DISCUSSION 

 Using a field experiment, we assessed how nutrient enrichment affected the biomass, 

production, and composition of sediment-associated algal communities. We found a negligible 

response of chlorophyll-a to nutrients, and primary production was insensitive to P and 

transiently inhibited by N. In contrast, N and P affected community composition by generating 

contrasting responses of different algal groups to nutrient enrichment. While there was an 
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association between community structure and primary production measured at the end of the 

experiment, it did not appear to be driven by nutrient enrichment, because groups with 

contrasting responses to nutrients had similar patterns between their standardized abundances 

and GPP, and the group whose standardized abundance had the strongest relationship with GPP 

did not respond to nutrient enrichment. These results highlight the substantial effects that nutrient 

enrichment can have on benthic algal community structure, even while having little effect on 

ecosystem processes such as metabolism.    

We did not see evidence of community-wide nutrient limitation in biomass. A similar 

lack of biomass response to N or P enrichment was also reported in 42.6% of nutrient-diffusing 

substrate experiments in streams (Francoeur, 2001). The fact that our study began with intact 

epipelic communities, while a majority of nutrient-diffusing agar studies provide bare substrates 

for colonization, may have also influenced our lack of N or P stimulation of community biomass. 

In a meta-analysis, Hillebrand (2002) found that nutrient effects lessened as biomass increased; 

therefore, starting the experiment with an intact community may have lowered the ability to 

detect a response. The lack of community-wide biomass limitation may also be due to the large 

nutrient pool available to benthic algae in the sediment interstitial water, ultimately fueled by 

Mývatn’s high nutrient loading, both external and internal (Gíslason et al., 2004). Studies in 

other systems have suggested that moderate to high background nutrient concentrations may 

explain a lack of benthic nutrient limitation (Hillebrand & Kahlert, 2001). Alternatively, 

production could have been more strongly limited by factors other than N and P. For example, 

other studies have suggested the potential for dissolved inorganic carbon to limit benthic algae in 

lentic systems (Niederhauser & Schanz, 1993; Turner et al., 1994). Silicon is often limiting for 

diatoms, which compose the majority of Mývatn’s epipelic communities (both in our 
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experimental microcosms and in situ), and previous research has shown that silicon can become 

limiting to diatoms after N and P enrichment (Carrick & Lowe, 1988). While results from studies 

using nutrient-diffusing agar have shown mixed results regarding benthic algal nutrient 

limitation (Fairchild & Lowe, 1984; Fairchild et al., 1985; Hogan, McGowan, & Anderson, 

2014; Lepori & Robin, 2014; Maberly, King, Dent, Jones, & Gibson, 2002; Steinman et al., 

2016), few of these have assessed the limitation of sediment-associated epipelic communities. 

Meta-analysis results suggest that producer communities associated with marine sediments or 

soft-bottoms showed weaker responses to nutrient enrichment than benthic communities on hard 

substrates (Elser et al., 2007). Additionally, in several studies in which the water column was 

enriched with nutrients, epipelic community biomass showed no response to nutrients, but algae 

that grow on hard substrates demonstrated increased biomass under nutrient enrichment 

(Blumenshine, Vadeboncoeur, & Lodge, 1997; Nydick, Lafrancois, Baron, & Johnson, 2004; 

Vadeboncoeur et al., 2001). Together, these results and the results from our study suggest 

epipelic growth may in general not be limited by N or P due to their ability to acquire nutrients 

from the sediment (Blumenshine et al., 1997; Hansson, 1990).  

The most apparent feature of nitrogen’s effects on ecosystem metabolism was its 

temporal variability. In both the field and laboratory experiments, N had a negative effect on 

GPP and NEP early in the experiment, with this inhibitory effect lessening through time. While 

N or P inhibition is relatively uncommon, studies on benthic algae (Bernhardt & Likens, 2004; 

Lougheed et al., 2015; Reisinger et al., 2016; Ribot, von Schiller, Sabater, & Martí, 2015; Vizza 

et al., 2018) and phytoplankton (Steinman et al., 2016) have documented its occurrence. 

Furthermore, in a recent meta-analysis, 15% of included studies on primary producers from 

freshwater, marine, and terrestrial systems showed a negative response to nutrient addition 
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(Harpole et al., 2011). Bernhardt & Likens (2004) observed a negative effect of N on periphyton 

biomass and proposed that competition between heterotrophs (e.g., bacteria and fungi) and 

primary producers for inorganic nutrients contributed to this inhibitory effect. Similarly, the 

addition of dissolved organic carbon (DOC) to stream biofilms increased heterotroph demand for 

inorganic nutrients which consequentially reduced autotrophic biomass (Bechtold, Marcarelli, 

Baxter, & Inouye, 2012). We did not measure heterotroph abundance, but if N stimulated 

heterotrophic bacteria growth and consequentially suppressed algal growth through enhanced 

competition, one would expect a corresponding increase in ecosystem respiration with a decline 

in primary production. However, there was no effect of N on RESP in our field experiment, and 

N had a negative effect on RESP early in the lab experiment. Thus, we suggest that competition 

between algae and bacteria is not the likely explanation for our observations, which is consistent 

with previous research suggesting that competition between primary producers and heterotrophs 

will be less important in autochthonous (similar to Mývatn) than allochthonous systems (Rier & 

Stevenson, 2002).  

Previous studies have suggested that toxic levels of nutrient enrichment may lead to 

inhibition of primary producers (Bernhardt & Likens, 2004; Harpole et al., 2011; Ribot et al., 

2015). Because the experimental microcosms were open to exchange with the water column, we 

expect that the nutrient concentrations overlaying the sediment in the field experiment would be 

much lower than high concentrations measured in the release rate microcosms. However, we do 

not have nutrient concentration data from the field experiment, so we cannot rule out the 

possibility of N toxicity. Finally, as with any experimental manipulation in the field, our 

experimental design could have influenced the inferred temporal change in how N affected 

primary production. For instance, we measured production on day 33 of our field experiment, but 



25 
 

our nutrient release data suggest that the agar may have depleted its nutrient concentrations by 

this point. At the end of the 21-day lab experiment, medium-N enrichment had a positive effect 

on NEP which hints at the potential importance of duration of agar deployment (though 

differences in background nutrient concentrations in the water overlying the sediment from the 

two experiments may have also contributed to this effect). While other studies have deployed 

nutrient-diffusing agar for over 30 days (Hill & Knight, 1988; Lowe, Golladay, & Webster, 

1986), these studies focused on biomass rather than metabolism (i.e., structural versus dynamic 

responses sensu Grimm & Fisher, 1986). Thus, we cannot rule out the possibility that complete 

nutrient release by the agar, rather than biologically meaningful changes in the community, is 

responsible for the absence of an N effect on production at the end of the field experiment. 

The temporal variation in production in response to nutrient manipulation may have been 

influenced by nutrient-driven effects on other aspects of the algal community, such as 

physiological effects on the existing community or compositional shifts. We do not know the 

mechanism behind the decrease in GPP, NEP, and RESP with N enrichment early in our 

experiment, but briefly discuss here how potential mechanisms—physiological effects and 

compositional shifts—may explain our results. The initial negative effect of N on production 

could have been mediated through a negative physiological effect on the diatoms, which are 

dominant members of Mývatn’s epipelic community. We describe below how NH4
+ may not be 

the preferred form of N for diatoms, and they may have experienced consequent reduced 

photosynthetic abilities if their nutrient uptake was limited or if their growth was inhibited by 

NH4
+ (Domingues, Barbosa, Sommer, & Galva, 2011). We acknowledge that data related to algal 

physiology (i.e., cellular N, P, and Si content), for diatoms in particular, could have been useful 

in addressing this potential explanation. However, the possibility of physiological effects does 
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not explain why the inhibitory effect of N was only transient. Alternatively, the inhibitory effect 

of N may reflect a compositional shift that occurred during the experiment. Because different 

algal groups had contrasting responses to nutrients but similar patterns with GPP, the relationship 

between GPP and community composition was not aligned with nutrient enrichment at the end of 

the experiment; however, it is possible that a transient shift in composition early in the 

experiment (and therefore not captured by our data) explains the early inhibitory effect of N. 

Fragilariaceae are the most abundant taxa in the benthos of Mývatn, and they showed a negative 

response to N. If declines in their abundance or inhibition of their photosynthetic activity 

occurred early in the experiment, this could have decreased production. The ratio of alive:dead 

Fragilariaceae cells at the end of the experiment, as determined by presence/absence of 

chloroplasts, was lowest in N-enriched microcosms, supporting this explanation (data not 

shown). It is possible that as other taxa became more abundant in the N-enriched microcosms, 

they compensated for the production lost by Fragilariaceae, resulting in comparable production 

to other treatments at the end of the experiment. This hypothesis does not directly link nutrients 

to production; rather, we suppose that compositional shifts causing increases and decreases in the 

standardized abundance of different algal groups may have created multiple compositions that 

achieved the same productivity. We did not test these mechanisms directly, and they are only 

possible explanations for our observations. Nonetheless, in mesocosms that were enriched with 

N to alter N:P ratios, Vrede et al. (2009) saw notable shifts in phytoplankton community 

composition that resulted in statistically similar production. 

The strong effects of nutrient (especially N) enrichment on algal composition mirrored 

results in the literature. Carrick & Lowe (1988) report a decline in Fragilaria biovolume and an 

increase in green algae under enrichment of N and P. Other studies have shown increased cell 
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counts of green algae in benthic algal communities under nutrient enrichment (Guasch et al., 

1995; Lepori & Robin, 2014) and a negative response of Fragilaria to nutrient enrichment 

(Carrick, Lowe, & Rotenberry, 1988). As recently reviewed by Glibert et al. (2016), varying 

preferences for inorganic N forms among algal taxa can ultimately affect community 

composition. Although NH4
+ has often been considered the preferred form of inorganic N for 

primary producers (Dortch, 1990; Von Schiller, Martí, Riera, & Sabater, 2007), diatoms may 

respond negatively to enriched levels of NH4
+ due to their preferred use of NO3

- (Glibert et al., 

2016). While this recent review focuses on N preferences of phytoplankton, the results likely 

extend to benthic taxa, as the preference for NO3
- or NH4

+ appears phylogenetically conserved 

and driven by the abundance of corresponding ion transporters on cell membranes (Glibert et al., 

2016). NH4
+ is the dominant form of N naturally available in the sediment, but the magnitude of 

our experimental enrichment may have provided a competitive advantage to green algae taxa 

such as Scenedesmus. Green algae have a preference for NH4
+ over NO3

- (Domingues et al., 

2011; Litchman et al., 2007) and previous work has shown that Scenedesmus growth is 

stimulated under enhancement of reduced N forms (Donald, Bogard, Finlay, Bunting, & Leavitt, 

2013). 

 While algal composition was associated with GPP, the effects of individual groups were 

more influential than compositional shifts from nutrient enrichment. For instance, Oocystis 

standardized abundance had a negative relationship with GPP but was unaffected by N or P 

enrichment. Additionally, Fragilariaceae and Scenedesmus standardized abundances showed 

similar positive relationships with GPP, but since these groups responded in opposite directions 

to N enrichment, there was no net effect of overall community composition on production, as 

would be characterized by our RDA. We are not sure why the standardized abundances of these 
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groups were related to production; however, previous studies have highlighted the potential for 

specific taxonomic groups to influence ecosystem processes. For instance, in phytoplankton 

communities some species may have relatively low contributions to primary production 

compared to their high relative abundance based on cell density, while other species can 

contribute substantially to primary production despite having minor relative abundance (Han & 

Furuya, 2000). Additionally, Ishida et al. (2008) did not see significant relationships between 

ecosystem function (denitrification) and overall periphyton community structure, but they found 

a significant relationship between denitrification rates and the biovolume of specific algal 

divisions, including diatoms. Similarly, the relationship between macroalgae productivity and the 

identity of individual species was much stronger than between productivity and overall 

community richness in marine subtidal environments (Bruno, Boyer, Duffy, Lee, & Kertesz, 

2005). Together these results suggest that functional traits of individual taxa are likely more 

important for benthic ecosystem metabolism than overall community composition. This implies 

that individual taxa can have effects disproportionate to their relative abundance in their 

communities. 

 Overall, in our field experiment we did not observe epipelic biomass nutrient limitation 

and saw no lasting positive effect of N or P enrichment on algal production, which as described 

previously is potentially due to length of agar deployment. Nonetheless, nutrient enrichment had 

strong effects on community composition. The compositional shifts did not lead to changes in 

biomass or primary production because either (i) taxa had opposite responses to nutrient 

enrichment and therefore offset each other's effects on biomass and production, or (ii) taxa with 

the strongest effects on production were not affected by nutrient enrichment. Our results 

highlight the complexities arising from shifts in algal community composition, and they suggest 
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that future studies continue to investigate the relationship between benthic algal composition and 

ecosystem processes and how this relationship is affected by nutrients or other abiotic controls.  
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Table 1. Type III F-tests from linear mixed models testing for the main and interactive effects of 

N, P, and time on ln-transformed chlorophyll-a (CHL), gross primary production (GPP), net 

ecosystem production (NEP), and respiration (RESP) in the field experiment. For statistically 

significant main effects, we indicate whether the main effect of a factor was positive (+) or 

negative (-) in the ‘Effect’ column. We denote statistically significant interaction effects with a 

(*) and explain the interaction in the main text when presenting the results. 

 
Factor Effect F dfnum dfresidual P-value 

CHL N  3.09 2 50.37 0.054  
P   0.56 2 49.61 0.573  
Time  (-) 6.05 1 29.24 0.020  
N × P  0.84 4 23.81 0.512  
N × Time  1.09 2 29.58 0.350  
P × Time  1.41 2 29.58 0.260   

 
    

GPP N (-) 9.91 2 46.90 < 0.001  
P   1.21 2 45.93 0.309  
Time  2.17 1 29.32 0.152  
N × P  0.74 4 23.79 0.577  
N × Time (*) 5.46 2 29.68 0.010  
P × Time  1.23 2 29.68 0.307   

 
    

NEP N  19.92 2 46.89 < 0.001  
P   0.29 2 45.95 0.751  
Time (+) 7.04 1 29.31 0.013  
N × P  2.39 4 23.72 0.079  
N × Time (*) 8.84 2 29.67 0.001  
P × Time  1.83 2 29.67 0.177   

 
    

RESP N  2.34 2 46.89 0.107  
P   2.85 2 45.95 0.068  
Time  0.04 1 29.31 0.836  
N × P  0.13 4 23.72 0.971  
N × Time  1.89 2 29.67 0.168  
P × Time  2.22 2 29.67 0.126 
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Table 2. Algal groups differed in their responses to additions of nitrogen (N) and phosphorus 

(P). Scores for each algal group from the redundancy analysis (RDA) for axes RDA1 and RDA2 

and coefficients from the multilevel model (MLM) for group-specific responses to N and P, in 

which each algal group’s response to nutrients is modeled as a fixed effect, are shown. MLM 

coefficients are the main effects for N or P plus the interaction term for each algal group. The 

coefficients shown are the means obtained by parametric bootstrapping over 2000 simulations.  

 

RDA  

axes scores   

MLM 

coefficients  

Algal Group RDA1 RDA2   N P 

Fragilariaceae -1.08 -0.15   -0.74 0.36 

Navicula -0.27 0.04   -0.20 0.04 

Epithemia -0.04 0.23   -0.08 -0.15 

Large Diatoms -0.07 -0.14   -0.02 0.12 

Cyanobacteria -0.07 -0.52   0.07 0.39 

Small Diatoms -0.04 -0.58   0.09 0.42 

Oocystis 0.03 -0.08   0.05 0.05 

Pediastrum 0.20 -0.12   0.17 0.03 

Other Green 0.89 0.06   0.63 -0.25 

Scenedesmus 1.14 -0.20   0.87 -0.13 

 

  



43 
 

Table 3. Results from a linear regression of ln-transformed gross primary production (GPP) from 

day 33 in the field experiment against the standardized abundance of algal groups based on cell 

counts. Coefficients ± SE for each algal group are shown. Asterisks (*) indicate p-values < 0.05.  

Algal group Coefficient F1,22 P-value 

Oocystis -0.217 ± 0.039 30.17 < 0.001* 

Other Green -0.078 ± 0.051 2.35 0.140 

Pediastrum -0.038 ± 0.040 0.92 0.347 

Large Diatoms 0.015 ± 0.038 0.16 0.695 

Small Diatoms 0.027 ± 0.048 0.31 0.582 

Cyanobacteria 0.034 ± 0.039 0.74 0.400 

Epithemia 0.050 ± 0.037 1.82 0.191 

Navicula 0.080 ± 0.042 3.70 0.067 

Fragilariaceae 0.128 ± 0.054 5.55 0.028* 

Scenedesmus 0.196 ± 0.067 8.49 0.008* 
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Figure 1. Benthic chlorophyll-a (CHL) concentrations measured from the field experiment on 

day 10 and day 33, across 3 levels of nitrogen (N) enrichment and 3 levels of phosphorus (P) 

enrichment. Each point is a measurement from an individual microcosm. Horizontal lines 

represent the mean for each N × P treatment combination. 
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Figure 2. Gross primary production (GPP) measured from the field experiment on day 10 and 

day 33, across 3 levels of nitrogen (N) enrichment and 3 levels of phosphorus (P) enrichment. 

Each point is a measurement from an individual microcosm. Horizontal lines represent the mean 

for each N × P treatment combination. 
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Figure 3. Ordination from redundancy analysis (RDA) comparing algal composition across the 

nitrogen (N) and phosphorus (P) treatments. Coordinates of RDA taxa scores for axes 1 and 2 

were used to plot Fragilariaceae, Scenedesmus, and Oocystis (shown as asterisks); these taxa are 

labeled because they were the groups with the most negative response to N, most positive 

response to N, and strongest effect on GPP, respectively. Vectors show the biplot scores for 

constraining variables N and P. 
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Figure 4. Coefficients showing the specific responses of each algal group to nitrogen (N) and 

phosphorus (P) treatments. Coefficients for each algal group (the main effect for N or P plus the 

interaction term for each algal group) are the mean coefficients obtained by parametric 

bootstrapping over 2000 simulations. Error bars show the 95% confidence interval of each 

coefficient. 
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Figure 5. Mean relative abundance of the algal groups across nitrogen (N) and phosphorus (P) 

treatments. The sums of bars do not reach 1.0 because some of the counted cells were dead and 

only living cells are shown. 
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Figure 6. The response of each algal group to nitrogen (N) enrichment is plotted against the 

coefficient of each algal group from the regression of ln-transformed gross primary production 

(GPP) from day 33 against the standardized abundances of the different algal groups based on 

cell counts. Error bars show the 95% confidence intervals of each algal group-specific 

coefficient. Fragilariaceae, Scenedesmus, and Oocystis are labeled because they were the groups 

with the most negative response to N, most positive response to N, and strongest relationship 

with GPP, respectively. 
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Appendix A: Supplementary methods and results for Chapter 1 

 

Supplemental Information: METHODS 

Laboratory Experiment 

The setup for the accompanying laboratory experiment was similar to that of the field 

experiment. We followed the same protocols for sediment collection (conducted 23 July 2016), 

sediment preparation, and nutrient treatments as described for the field experiment (see 

METHODS: Experimental Design and Sampling). The experiment was started on 26 July 2016 

(day 0). After receiving nutrient-enriched agar and sieved sediment, lab microcosms were filled 

with water from a well located 0.5 km from the lakeshore and known to be nutrient poor (0.16 

µM PO4, 1.07 µM NO3, 0.214 µM NH4). This water source was used largely for convenience, 

but we acknowledge that the difference in background nutrient concentrations in the field and lab 

experiments may have influenced our results. Microcosms were placed into polystyrene coolers 

and kept outside the Mývatn Research Station during the experiment. We originally attempted to 

manipulate light conditions in the field (which later proved infeasible due to methodological 

constraints), which is why we manipulated light availability in the lab experiment with shade 

cloth (4 layers and 0 layers), such that microcosms were in either ‘shaded’ or ‘unshaded’ coolers. 

HOBO Pendant data loggers (Onset Computer Corporation, Bourne, Massachusetts, USA) were 

placed on the top of each cooler to track light and temperature throughout the experiment and 

indicated a 40% reduction of light between the two light conditions. The shaded treatment 

resulted in similar average light conditions (185 µmol m-2 s-1) to estimated light levels in Mývatn 

at 1.75 m depth (151 µmol m-2 s-1), while the average light levels of the unshaded treatment were 

higher (312 µmol m-2 s-1) than estimated in situ 1.75 m depth light levels. The average air 

temperature during the lab experiment (12.6 ºC) was similar to the average lake water 



51 
 

temperature (11.6 ºC) during this time period. Each nutrient treatment had three replicates for 

each light condition. On days 4 and 21 we measured CHL, NEP, RESP, and GPP using the same 

methods as the field experiment.  

Statistical Analysis 

Like the field experiment, we used linear mixed models (LMMs) to examine effects of N 

and P enrichment, as well as shading treatment, on ln-transformed CHL, GPP, NEP, and RESP. 

For each response variable, we included fixed effects of N, P, and shading treatments, time, and 

all two-way interactions and random effects of cooler and microcosm identity. Methods for 

model fitting and p-value reporting are identical to the field experiment (METHODS: Statistical 

Analysis). 

 In an effort to investigate the linkage between biomass and production, we used 

additional LMMs to examine the effects of CHL on GPP. We used ln-transformed GPP as the 

response variable, ln-transformed CHL, time, and their interaction as fixed effects, and rack and 

microcosm identity as random effects. Separate LMMs were performed for the field and lab 

experiments.  

 

Supplemental Information: RESULTS 

Lab Experiment 

In the lab experiment, we saw no effect of nutrients or shading on CHL (Table S6). When 

non-significant interactions were removed, CHL increased through time in the lab experiment 

(Table S6; Fig S3). The results indicate a limited response of CHL to nutrient enrichment.  

GPP was influenced by a significant N × time interaction in the lab experiment (Table 

S6). Like the field experiment, GPP was lower when N was added compared to control N 
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treatments on day 4, but this inhibitory effect did not persist to the end of the experiment; on day 

21, GPP was highest in the medium N treatments, while the control and high N treatments were 

similar (Fig S4). There was also a significant N × P interaction (Table S6); GPP was lower in 

microcosms with N amendment relative to controls, but in microcosms with high N enrichment, 

the presence of P lessened the negative effects of N (Fig S4). However, the high-N, high-P 

treatment did not result in higher GPP relative to the control-N, control-P treatment. NEP 

generally followed these trends with a marginally significant N × P interaction (Table S6). NEP 

significantly increased during the lab experiment (Table S6) and was highest in the medium N 

treatments at the end of the experiment (Fig S4). There was no effect of the shading treatment on 

GPP or NEP (Table S6). RESP in the lab experiment largely paralleled the GPP results with 

significant N × time and N × P interactions (Table S6; Fig S4). On day 4, there was decreased 

RESP in N-enriched microcosms, but by day 21 RESP was highest in the medium N treatments. 

Additionally, the negative effect of N was less apparent in the presence of P (Table S6; Figure 

S4). RESP was also influenced by a shading × time interaction (Table S6); there was higher 

RESP in the shaded microcosms early in the experiment, but this effect did not persist to day 21. 

Relationship between biomass and production 

 There was no significant effect of CHL on GPP in the field or lab experiment (Table S5). 

Results from this analysis for the lab experiment mirrored the GPP models with the experimental 

treatments as fixed effects and demonstrated an increase in GPP through time (Table S5). 
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Table S1. Release rates of nitrogen (N) and phosphorus (P) were measured from a set of 

microcosms (separate from the field and lab experiments) with three nutrient treatments: control 

(no N, no P), medium (0.05 M NH4Cl, 0.0065 M KH2PO4), high (0.5 M NH4Cl, 0.033 M 

KH2PO4), n=2 for each. Note that a separate method was used to quantify nutrient concentrations 

on day 14 than days 4 and 32, preventing temporal comparisons of N and P release rates.  

 

  Flux (µmol cm-2 h-1) 

Day Treatment N P 

4 

Control 0.0027 0.0013 

Medium 0.3067 0.0067 

High 1.5734 0.0151 

14 

Control 0.0178 0.0025 

Medium 0.1319 0.0072 

High 0.4691 0.0167 

32 

Control 0.0386 0.0028 

Medium 0.0402 0.0032 

High -0.3903 0.0538 
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Table S2. Mean ± SD chlorophyll-a concentrations (mg m-2) from day 10 and 33 measurements 

in the field experiment for all nitrogen (N) and phosphorus (P) treatment combinations. n=4 for 

all treatment combinations except for the high-N, control-P combination (n=3) for days 10 and 

33 and the medium-N, medium-P combination (n=3) for day 33.  

  Control N  Medium N  High N 

Day 10 Control P 259 ± 66.2  333 ± 14.7  376 ± 32.9 

 Medium P 295 ± 51.1  355 ± 64.4  343 ± 71.1 

 High P 271 ± 51.5  321 ± 99.7  278 ± 57.0 

 
Day 33 Control P 219 ± 23.6  239 ± 24.6  225 ± 14.6 

 Medium P 201 ± 29.4  270 ± 93.3  226 ± 60.4 

 High P 244 ± 50.4  213 ± 28.5  245 ± 58.2 
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Table S3. Mean ± SD gross primary production (GPP) measurements (g O2 m
-2 h-1) from day 10 

and 33 measurements in the field experiment for all nitrogen (N) and phosphorus (P) treatment 

combinations. n=4 for all treatment combinations except for the high-N, control-P combination 

(n=3) for days 10 and 33 and the medium-N, medium-P combination (n=3) for day 33.  

  Control N  Medium N  High N 

Day 10 Control P 0.210 ± 0.094  0.126 ± 0.014  0.077 ± 0.030 

 Medium P 0.169 ± 0.050  0.127 ± 0.023  0.103 ± 0.037 

 High P 0.128 ± 0.021  0.147 ± 0.043  0.090 ± 0.018 

             
Day 33 Control P 0.213 ± 0.064  0.195 ± 0.054  0.200 ± 0.050 

 Medium P 0.193 ± 0.091  0.189 ± 0.008  0.168 ± 0.039 

 High P 0.232 ± 0.079  0.207 ± 0.073  0.234 ± 0.070 
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Table S4. Type II F-tests from linear mixed models testing for the main effects of N, P, and time 

on ln-transformed chlorophyll-a (CHL), gross primary production (GPP), net ecosystem 

production (NEP), and respiration (RESP) in the field experiment. Statistical outputs for 

interaction terms from the Type II F-tests are omitted because they are identical to those from the 

Type III F-tests, which are shown in Table 1 of the main text. 

 
Factor F dfnum dfresidual P-value 

CHL N 2.89 2 23.79 0.075  
P  0.29 2 24.17 0.751  
Time  48.24 1 29.52 < 0.001  
N × P 

    

 
N × Time 

    

 
P × Time 

    

      

GPP N 6.62 2 23.76 0.005  
P  0.22 2 25.36 0.805  
Time 41.32 1 29.63 < 0.001  
N × P 

    

 
N × Time 

    

 
P × Time 

    

      

NEP N 14.07 2 23.70 < 0.001  
P  1.16 2 23.73 0.330  
Time 48.93 1 29.62 < 0.001  
N × P 

    

 
N × Time 

    

 
P × Time 

    

      

RESP N 1.03 2 23.70 0.374  
P  0.50 2 23.74 0.616  
Time 20.96 1 29.62 < 0.001  
N × P 

    

 
N × Time 

    

 
P × Time 

    

 



57 
 

Table S5. Type III F-tests from linear mixed models testing for the main and interactive effects 

of ln-transformed chlorophyll-a (CHL) and time on ln-transformed gross primary production 

(GPP) in the field and laboratory experiments.  

  
Field Experiment F dfnum df.residual P-value 

ln-CHL 0.13 1 35.97 0.716 

time 0.04 1 41.44 0.843 

ln-CHL × time 0.39 1 42.63 0.534 

     
Lab Experiment     
ln-CHL 0.65 1 99.70 0.423 

time 6.41 1 98.86 0.013 

ln-CHL × time 0.43 1 98.45 0.514 
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Table S6. Type II and type III F-tests from linear mixed models testing for the main and 

interactive effects of N, P, light, and time on ln-transformed chlorophyll-a (CHL), gross primary 

production (GPP), net ecosystem production (NEP), and respiration (RESP) in the laboratory 

experiment. Statistical outputs for interaction terms from the Type II F-tests are omitted because 

they are identical to those from the Type III F-tests. 

 

  
Type II 

 
Type III  

Factor F dfnum dfresidual P-value 
 

F dfnum dfresidual P-value 

CHL N 0.91 2 38.30 0.411 
 

0.23 2 80.47 0.794  
P 2.46 2 38.29 0.099 

 
1.39 2 80.53 0.254  

Light  1.99 1 1.68 0.315 
 

0.01 1 62.40 0.930  
Time  7.88 1 48.00 0.007 

 
0.09 1 48.00 0.768  

N × P 
     

0.28 4 38.30 0.887  
N × Light 

     
0.72 2 38.31 0.492  

N × Time 
     

0.30 2 48.00 0.739  
P × Light 

     
0.38 2 38.31 0.685  

P × Time 
     

0.89 2 48.00 0.418  
Light × Time 

     
0.06 1 48.00 0.812            

GPP N 11.12 2 37.74 < 0.001 
 

17.05 2 78.54 < 0.001  
P 0.65 2 37.89 0.530 

 
0.13 2 79.25 0.877  

Light  1.66 1 1.69 0.346 
 

1.55 1 56.00 0.218  
Time  242.87 1 47.25 < 0.001 

 
26.40 1 47.47 < 0.001  

N × P 
     

4.29 4 37.94 0.006  
N × Light 

     
0.05 2 37.85 0.955  

N × Time 
     

8.17 2 47.36 0.001  
P × Light 

     
0.12 2 38.06 0.886  

P × Time 
     

0.64 2 47.36 0.534  
Light × Time 

     
1.43 1 47.39 0.237            

NEP N 3.41 2 37.98 0.043 
 

4.26 2 81.23 0.017  
P 0.62 2 38.11 0.544 

 
0.20 2 81.91 0.819  

Light  0.42 1 1.35 0.611 
 

2.81 1 68.51 0.098  
Time  288.10 1 47.17 < 0.001 

 
30.58 1 47.39 < 0.001  

N × P 
     

2.68 4 38.16 0.046  
N × Light 

     
0.08 2 38.07 0.927  

N × Time 
     

1.23 2 47.28 0.303  
P × Light 

     
0.24 2 38.29 0.784 
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P × Time 

     
0.14 2 47.28 0.867  

Light × Time 
     

3.62 1 47.32 0.063            

RESP N 18.63 2 37.54 < 0.001 
 

19.25 2 78.50 < 0.001  
P 0.25 2 37.67 0.779 

 
0.34 2 78.97 0.713  

Light  2.21 1 1.97 0.277 
 

17.49 1 12.28 0.001  
Time  101.07 1 47.23 < 0.001 

 
12.97 1 47.44 0.001  

N × P 
     

3.35 4 37.72 0.019  
N × Light 

     
0.08 2 37.65 0.924  

N × Time 
     

12.66 2 47.33 < 0.001  
P × Light 

     
0.09 2 37.81 0.913  

P × Time 
     

0.58 2 47.33 0.564  
Light × Time 

     
27.18 1 47.36 < 0.001 
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Fig S1. Diagram representing the setup for the in-lake experiment (not shown to scale). 

Experimental microcosms consisted of clear 1-L containers. A mesh-covered, plastic ring that fit 

snugly against the inner walls of the microcosms was placed over the agar cubes. Sediment 

overlaid the agar and mesh-covered ring. Separate empty 1-L plastic containers were securely 

zip-tied to holes in the metal rack (12 per rack), and the bottoms of these empty containers were 

covered with layers of black tape to shade the bottoms of the experimental microcosms. The 

experimental microcosms were placed into the empty 1-L containers and the metal racks were 

deployed to the bottom of the lake at 1.75 m depth for the duration of the experiment.  
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Fig S2. Net ecosystem production (NEP) and community respiration (RESP) measured from the 

field experiment on day 10 and day 33 across 3 levels of nitrogen (N) enrichment and 3 levels of 

phosphorus (P) enrichment. Each point is a measurement from an individual microcosm. 

Horizontal lines represent the mean for each N × P treatment combination. 
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Figure S3. Benthic chlorophyll-a (CHL) concentrations measured from the laboratory 

experiment on day 4 and day 21 across 3 levels of nitrogen (N) enrichment and 3 levels of 

phosphorus (P) enrichment. Each point is a measurement from an individual microcosm. 

Horizontal lines represent the mean for each N × P treatment combination. 
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Figure S4. Gross primary production, net ecosystem production (NEP) and community 

respiration (RESP) measured from the laboratory experiment on day 4 and day 21 across 3 levels 

of nitrogen (N) enrichment and 3 levels of phosphorus (P) enrichment. Each point is a 

measurement from an individual microcosm. Horizontal lines represent the mean for each N × P 

treatment combination. 
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ABSTRACT 

The relative contributions of benthic and pelagic primary production affect ecosystem 

processes, but studies documenting natural variation in the partitioning of production (i.e., 

autotrophic structure) are relatively rare. This study partitions primary production into benthic 

and pelagic components in shallow Lake Mývatn for seven summers (2012-2018). Using 

biweekly benthic gross primary production (GPP) measurements for a site in the center of the 

lake, we estimated the irradiance at which benthic production is half its maximum rate, and 

accounting for ambient light conditions, we determined maximum productivity rates (Pmax) for 

each sample date. In 2018, we measured pelagic photosynthesis-irradiance relationships to 

determine a pelagic half-saturation light level and to quantify the relationship between pelagic 

Pmax and chl-a, which we applied to biweekly chl-a data to estimate associated pelagic Pmax rates. 

With these parameters and corresponding incident light and water clarity data, we estimated in 

situ benthic and pelagic GPP. By increasing light attenuation, phytoplankton contributed to 

declines in estimated benthic GPP. These effects were strongest in three years with dense 

cyanobacteria blooms, in which the benthic fraction of estimated total production declined from 

>95% to <22%. Benthic Pmax rates varied through time, but we found no biotic or abiotic factors 

that explained this variation. Nonetheless, our results suggest that benthic Pmax rates influence 

how a shift toward pelagic-dominated autotrophic structure affects total production. Overall, 

Mývatn exhibited substantial variation in autotrophic structure, which may affect energy flow 

and highlights the value of ecological monitoring for understanding temporal dynamics in the 

balance between benthic and pelagic production.  
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INTRODUCTION 

 Benthic and pelagic primary producers jointly constitute whole-lake primary production, 

and their relative contributions to total production influence ecosystem function. Interactions 

among lake bathymetry, morphology, water clarity, and nutrient concentrations influence the 

partitioning of whole-system primary production into benthic and pelagic components (i.e., 

“autotrophic structure,” sensu Higgins et al. 2014) (Sand-Jensen and Borum 1991; 

Vadeboncoeur et al. 2008). Some static lake characteristics (e.g., basin shape) can create general 

patterns in the partitioning of primary production; for example, deep, steep-sided lakes with little 

illuminated benthic habitat are commonly pelagic-dominated, while shallow lakes with 

expansive, flat littoral surfaces are more likely to support high benthic production (Wetzel 2001; 

Vadeboncoeur et al. 2008; Cremona et al. 2016). However, a lake’s autotrophic structure is not 

necessarily fixed through time, because variation in physicochemical factors (e.g., water clarity, 

nutrient concentrations) can alter the relative contribution of benthic and pelagic primary 

producers to total production, with these shifts potentially affecting ecosystem function. For 

example, long-term (i.e., decadal) and short-term (i.e., seasonal) shifts in the partitioning of 

primary production can impact aquatic food webs by altering consumer reliance on either benthic 

or pelagic derived carbon (Chandra et al. 2005; Turschak et al. 2014; Stewart et al. 2017). In 

particular, shallow lakes may experience dramatic shifts in autotrophic structure alternating 

between regimes characterized as ‘clear’ or ‘turbid’ states, dominated by benthic or pelagic 

production, respectively (Scheffer et al. 1993; Scheffer and van Nes 2007; Genkai-Kato et al. 

2012).  

The competitive relationship between pelagic (phytoplankton) and benthic (periphyton, 

epipelon, macrophytes) primary producers largely mediates the partitioning of production and 
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temporal variation in autotrophic structure (Jäger and Diehl 2014). Specifically, epipelic benthic 

algae living on the sediment surface can limit phytoplankton production by reducing nutrient 

release rates from the sediment to the water column (Carlton and Wetzel 1988; Hansson 1988; 

Dodds 2003), and phytoplankton negatively affects benthic algal production by reducing their 

access to light via shading (Sand-Jensen and Borum 1991; Hansson 1992). Thus, stimulation of 

pelagic primary producers may consequently decrease benthic primary production and the 

contribution of benthic algae to whole-lake production (Vadeboncoeur et al. 2003, 2008). These 

interactions may influence future patterns of autotrophic structure in many lakes, given the 

global concern of eutrophication and associated increases in the frequency of cyanobacteria 

blooms (Taranu et al. 2015).  

In addition to in situ light availability, parameters governing the relationship between 

photosynthesis and irradiance (i.e., the P-I curve) affect realized rates of benthic primary 

production. Photosynthetic rates increase linearly at low light levels and plateau at a maximum 

rate of production (Pmax) at saturating light intensities. Pmax can be thought of as a synoptic metric 

representing the “functional abundance” of primary producers that depends on cell density, 

taxonomic composition, maximum photosynthetic rates of constituent species, cellular 

investment in photosynthetic pigments, and other factors that affect primary production.  

Variation in Pmax can potentially affect lake autotrophic structure. For instance, when modeling 

autotrophic structure across a eutrophication gradient, Vadeboncoeur et al. (2008) found that 

benthic production was <50% of total production when benthic Pmax was low, while benthic 

production typically dominated when Pmax was intermediate or high, even in mesotrophic 

conditions. Pmax may particularly influence the benthic contribution to total production in 



68 
 

shallow lakes, in which saturated light levels occur over a larger benthic area than in deeper 

lakes.  

While the direct reduction in benthic light availability is a well-documented negative 

effect of phytoplankton on in situ benthic primary production (Hansson 1992; Vadeboncoeur et 

al. 2001, 2003), it is less clear how phytoplankton shading affects Pmax. An effect of 

phytoplankton on benthic Pmax would imply that processes determined by phytoplankton (e.g., 

extended periods of shading) alter the functional abundance of benthic primary producers. 

Several studies describe associations between ambient light conditions in lakes and benthic P-I 

parameters (Vadeboncoeur and Lodge 2000; Liboriussen and Jeppesen 2003; Vadeboncoeur et 

al. 2014; Brothers et al. 2016; Devlin et al. 2016). For example, epipelic and epilithic Pmax rates 

may decline with increasing depths (Jónsson 1992; Vadeboncoeur and Lodge 2000), and high 

periphyton Pmax rates are associated with clear-water systems (Brothers et al. 2016). The link 

between benthic Pmax rates and the ambient light environment may be partly mediated by light’s 

effect on algal biomass; previous studies have shown that experimental shading can reduce chl-a 

concentrations in epipelic (Hansson 1988) and lotic periphyton (Steinman et al. 1990) 

communities, and other studies have found positive relationships between benthic Pmax rates and 

primary producer biomass (Boston and Hill 1991; Hill and Boston 1991; Dodds et al. 1999). 

Together, these results suggest that if shifts in the benthic light environment have the potential to 

decrease algal biomass, they may thereby affect Pmax rates.  

In addition to Pmax, phytoplankton may affect other parameters of the P-I curve. Algae 

can increase intracellular chl-a content in response to low light (Falkowski and LaRoche 1991; 

Lowe and Pillsbury 1995), thereby increasing efficiency of benthic algae without necessarily 

changing biomass. Thus, while Pmax may markedly affect the relative contribution of benthic 
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algae to total production at saturating light levels, the photosynthetic efficiency of benthic algae 

at low light levels may influence their contribution in periods of strong light-limitation (e.g., 

during dense phytoplankton blooms).  

Overall, a shift to a pelagic-dominated autotrophic structure could affect the relative 

contribution of benthic algae to total production by influencing their P-I curve parameters in 

addition to directly reducing benthic light availability. However, characterizations of benthic 

photosynthesis in lakes are lacking (Vadeboncoeur et al. 2008; Brothers et al 2016), especially 

measurements that capture temporal variability in the photosynthetic response of benthic algae to 

light (but see Jónsson 1992; Liboriussen and Jeppesen 2003; Malkin et al. 2010; Daniels et al. 

2015; Vesterinen et al. 2016). Thus, the effect of phytoplankton on benthic algal primary 

production potential (i.e., their photosynthetic capacity based on P-I parameters) remains an 

understudied dimension of benthic-pelagic coupling. 

 While lake autotrophic structure may vary temporally, capturing these dynamics is often 

challenging. Whole-lake and mesocosm experiments (Björk-Ramberg and Ånell 1985; 

Vadeboncoeur et al. 2001; Vasconcelos et al. 2016), observational studies (Liboriussen and 

Jeppesen 2003; Althouse et al. 2014), and models (Vadeboncoeur et al. 2008; Genkai-Kato et al. 

2012; Higgins et al. 2014) are useful for investigating factors and mechanisms that shift the 

partitioning of benthic and pelagic production. However, temporal, comparative measurements 

of benthic and pelagic primary production under natural conditions are relatively rare 

(Liboriussen and Jeppesen 2003; Althouse et al. 2014; Cremona et al. 2016), which limits 

understanding which types of lakes are likely to experience temporally dynamic autotrophic 

structure and under what conditions these shifts are likely to occur. Furthermore, ongoing 

consequences of global change to lake ecosystems (e.g., eutrophication, increased dissolved 
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organic carbon (DOC) loading, invasive species establishment) (Smith and Schindler 2009; 

Havel et al. 2015; Solomon et al. 2015; Taranu et al. 2015) will likely affect the partitioning of 

benthic and pelagic primary production (Vadeboncoeur et al. 2001; Karlsson et al. 2009; Higgins 

et al. 2014). Knowing the natural variation in autotrophic structure could provide insight into 

how these ongoing stressors will affect lakes in the future (Althouse et al. 2014).  

Lake Mývatn is well-suited for examining temporal variability in the partitioning of 

benthic and pelagic production and the ecological consequences of shifting autotrophic structure. 

Mývatn’s shallow depth supports high epipelic primary production on the surface of its nutrient-

rich sediments, with benthic algae generally contributing a majority of total production (Ólafsson 

1979a, Einarsson et al. 2004). However, Mývatn is also naturally eutrophic, with high external 

loading from nutrient-rich groundwater springs (Ólafsson 1979a) and potentially high internal 

loading of nutrients from the sediment (Gíslason et al. 2004). The resulting high nutrient 

availability in the pelagic habitat implies the potential for phytoplankton dominance (Jäger and 

Diehl 2014). Cyanobacteria blooms in Mývatn occur with variable timing and intensity, such that 

blooms spread throughout much of the lake in some years, while the lake maintains a fairly 

clear-water state in other years (Einarsson et al. 2004). Additionally, Phillips (2020) modeled 

whole-ecosystem metabolism (integrating both pelagic and benthic habitats) over multiple years 

in Mývatn and showed that cyanobacterial blooms were strongly linked to the photosynthetic 

potential of the ecosystem. Because benthic pathways dominate energy flow in Mývatn’s food 

web (Jónasson 1979), shifts in autotrophic structure may have important ecosystem-wide 

consequences.  

In this study we partition primary productivity into benthic and pelagic components, 

which complements recent results on whole-ecosystem metabolism from the same time period 
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and study site in Mývatn (Phillips 2020). We analyze monitoring data associated with benthic 

and pelagic primary producers in Mývatn, including regular measurements of benthic gross 

primary production (GPP) and phytoplankton biomass (chl-a), for seven summers (2012-2018). 

Using these long-term data, as well as supplemental measurements to characterize pelagic 

primary production, we examine temporal trends in benthic and pelagic maximum primary 

production rates (Pmax). We also estimate in situ benthic and pelagic GPP for the seven summers 

based on these Pmax rates and corresponding incident irradiance data and light attenuation 

coefficients. Our primary objectives were to 1) determine which biotic and abiotic factors 

contribute to variation in benthic Pmax rates, 2) examine competitive effects of phytoplankton on 

benthic production, and 3) investigate how variation in benthic Pmax rates may influence the 

overall effect that a shift in autotrophic structure has on total (i.e., summed benthic and pelagic) 

GPP.  

 

METHODS 

Study system and monitoring site 

 Lake Mývatn, located in northeast Iceland (65°35’ N, 17°00’ W), is naturally eutrophic 

and shallow. The main basin, which includes our study site, has a mean depth of 2.3 m and 

maximum depth of 4.2 m (Jónasson 1979). During the ice-free periods, there is no stratification 

in the main basin, with wind action during the summer helping to maintain mixing (Ólafsson 

1979b). The lake’s water renewal time is 27 d (Ólafsson 1979b), and the River Laxá forms its 

major outlet. Inputs to the lake include nutrient-rich springs along the eastern shore and the 

Grænilækur River draining the spring-fed Lake Grænavatn; together these annually contribute 

1.5, 1.4, and 340 g m-2 y-1 for N, P, and Si, respectively, to Mývatn (Ólafsson 1979a). Water 
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column nutrient availability varies temporally and spatially; though representative concentrations 

near the center of the lake are 91 mg m-3, 16 mg m-3 and 381 mg m-3 for total dissolved nitrogen, 

total dissolved phosphorus and silicon, respectively (Ólafsson 1979a). Internal loading also 

contributes to nutrient availability, with estimated diffusive nutrient fluxes from the sediment of 

0.13 g P m-2 y-1 and 1.89 g N m-2 y-1 for PO4
3- and NH4

+, respectively (Gíslason et al. 2004). 

However, actual nutrient flux rates into the overlying water are lower than the diffusive rates 

within the sediment, with a net flux from overlying water toward the sediment in much of the 

summer, likely due to uptake by epipelic algal communities  (Thorbergsdóttir and Gíslason 

2004).  

Benthic primary production substantially contributes to Mývatn’s whole lake production. 

Much of the lake has a soft-bottomed substrate, and epipelic diatoms (especially Fragilariceae) 

are major contributors to benthic primary production. Mats of filamentous green algae 

(Cladophora glomerata and Aegagropila linnaei) can also cover substantial portions of the main 

basin, though their spatial extent is highly variable on a decadal time scale (Einarsson et al. 

2004). While the lake’s shallow depth allows for high benthic light availability, intermittent 

phytoplankton blooms and wind-driven sediment resuspension reduce water column 

transmissivity and create a variable light environment for benthic algae (Jónasson and 

Adalsteinsson 1979; Phillips et al. 2019). Cyanobacteria blooms are a natural occurrence in 

Mývatn, and the water column’s fairly low N:P ratios and high phosphorus concentrations are 

favorable for nitrogen fixing taxa such as Dolichospermum (Ólafsson 1979a). Annual 

Dolichospermum spp. blooms typically develop in Mývatn’s smaller northern basin (8.2 km2 

compared to 29.1 km2 in the main basin), which is connected to the main basin via a narrow 

passage. However, the spatial extent and intensity with which the blooms spread throughout the 
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main basin are highly variable across years (Einarsson et al. 2004). Thus, in some years, 

cyanobacteria blooms are unnoticeable in Mývatn’s main basin, while in other years, dense 

blooms cover much of the lake (Einarsson et al. 2004). In addition to cyanobacteria, other 

phytoplankton include chlorophytes (Oocystis, Sphaerocystis, Pediastrum), diatoms 

(Fragilariacea), and chrysophytes (Uroglena, Dinobryon), with the abundances of these taxa 

often varying spatially across the lake (Jónasson and Adalsteinsson 1979; Dickman et al. 1993; 

Bartrons et al. 2015).  

Our study incorporates data collected from a site located near the center of Mývatn’s 

main basin (depth 3.3 m) that has been routinely monitored since 2012 (Ives 2013). 

Approximately every two weeks from late May to late August during 2012-2018, 

physicochemical and biological data were collected. Water column profiles of dissolved oxygen 

(DO) concentrations and temperature (ProODO Probe, YSI, Yellow Springs, Ohio, USA) and 

photosynthetically active radiation (PAR; µmol photons m-2 s-1) (Li-192 Quantum Underwater 

Sensor, Li-COR, Lincoln, Nebraska, USA) were recorded at 0.5 m intervals. For each sampling 

day, we determined a light attenuation coefficient (kD) by regressing ln-transformed PAR against 

water column depth. Hourly irradiance data were recorded by a local weather station, and from 

2013 onward, illuminance data above the lake’s surface were recorded every 15-30 min by a 

light logger (HOBO Pendant data logger, Onset Computer Corporation, Bourne, Massachusetts, 

USA) affixed to the top of a buoy at the study site. Using the routinely collected PAR 

measurements from water column profiles and corresponding incident light data, we estimated 

PAR levels just below the water’s surface (PAR water surface) based on weather station irradiance 

(PAR water surface = 1.76225 × downwelling irradiance, df = 46, t = 19.89, R2 = 0.89, p < 0.001) 

and light logger illuminance (PAR water surface = 0.0084519 × lux, df = 53, t = 14.07, R2 = 0.78, p 
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< 0.001). A sonde (Hydrolab DS5X, Hach, Loveland, Colorado, USA) at the monitoring site also 

recorded phycocyanin levels (a cyanobacteria pigment) and other physicochemical data. 

On each sample date, water (3-5 analytical replicates) was collected from a single 

homogenized, integrated water column sample and filtered onto Whatman glass fiber filters 

(GF/F) for subsequent analysis of pelagic chl-a. We also collected five replicate sediment cores 

and used sediment from the surface of each core to determine benthic chl-a concentrations and 

water content. There were minor modifications during the study regarding the depth of sediment 

that was collected for these analyses; in 2014, 2015, and the first three sampling dates of 2016, 

the top 1.5-cm layer of sediment was used, but the top 0.75-cm layer was used otherwise. The 

filtered water and sediment samples were frozen, and chlorophyll-a was then extracted in 100% 

methanol for 24 h in the dark and read on a fluorometer (AquaFluor, Turner Designs, San Jose, 

California, USA), using acidification to correct for phaeophytin concentrations. We accounted 

for water content of the sediment by dividing benthic chl-a concentrations by the proportion dry 

weight of the sediment sample. Benthic chl-a and pelagic chl-a data were aggregated by date for 

subsequent analysis. 

 

Benthic primary production 

 A central objective of this study was to estimate in situ benthic and pelagic primary 

production, and this required information about the parameters underlying P-I curves for benthic 

and pelagic primary producers. Benthic GPP was routinely measured during the study, with these 

measures spanning a range of ambient light levels driven by the conditions on each sampling 

day. Below, we describe how we used these routine GPP measurements that occurred across a 

range of light levels to accomplish two goals: 1) determine a light level corresponding the half-
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saturation point of benthic primary production and 2) estimate the Pmax associated with each GPP 

measurement based on this parameter. 

On routine sample dates, we measured benthic GPP, which we refer to as the ‘observed’ 

GPP (GPPobs). Ten intact sediment cores (separate from those for benthic chl-a) were collected 

in clear, acrylic tubes (height: 50 cm, inner diameter: 5 cm) and incubated either without any 

shading (n=6 but n=5 in 2012) or in complete darkness (n=4 but n=5 in 2012), achieved by 

applying opaque, black PVC coverings to the acrylic tubes. During incubations, acrylic tubes 

were sealed airtight with opaque rubber stoppers, which prevented gas exchange with the 

atmosphere and the surrounding lake water (sensu Phillips et al. 2019). Tubes were suspended 

from a floating rack, such that tubes were incubated 0.5 m below the water’s surface. Incubations 

were generally conducted in a nearshore bay rather than at the routine monitoring site, but water 

temperatures at the monitoring site and incubation location are similar. We measured DO 

concentrations (mg O2 L
-1) from the water in the tubes at the start and end of the incubation 

period with ProODO probes. Before taking the initial and final DO readings, we gently stirred 

the water in the tubes with the DO probe. We calculated net ecosystem production (NEP) and 

ecosystem respiration (ER) as the hourly change in O2 concentrations (mg O2 L
-1 h-1) in the light 

and dark tubes, respectively. Under the assumption that ER is equal in the light and dark, we 

calculated GPPobs for each sample date as the summed magnitudes of the mean NEP and mean 

ER rates. We converted GPPobs to areal units by multiplying the volumetric metabolic rates by 

the water column heights in the tubes. This approach ignores any hypothetical production by 

phytoplankton in the ~20 cm of water overlying the sediment, but phytoplankton are not 

observable in this water layer. Temperature affects respiration and primary production rates 

(Davison 1991; Phillips 2020), so it should also affect NEP; however, because this method for 
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measuring metabolism does not allow us to quantify GPP directly, it precludes us from fully 

correcting for temperature’s effects on NEP. In other words, while we can correct ER for 

temperature because it is measured directly, it is difficult to fully understand how temperature is 

affecting our NEP measurements, as we cannot directly relate ambient temperature to GPP.  

GPPobs measurements were conducted on days spanning a range of ambient light 

conditions. We fit a Michaelis-Menten type equation 𝐺𝑃𝑃 =  
𝑃𝑚𝑎𝑥 ∙ 𝐼

𝐾 + 𝐼
 (eq 1) (sensu Turner et al. 

1983; Jónsson 1992; Daniels et al. 2015) to this set of data, in which I is the in situ light level, 

Pmax is the maximum rate of primary production, and K is the light level at which GPP = ½ Pmax. 

We fit eq (1) to GPPobs and the mean PAR level that was recorded at 0.5 m during each 

incubation (Fig 1) using nonlinear least squares with the nls() function in R. This produced a K 

parameter for benthic primary production (Kbenthic = 110.86 µmol m-2 s-1), which we assume to be 

fixed through time. Using the fixed Kbenthic parameter, we then estimated a Pmax value for each 

sample date based on the measured GPPobs and light conditions during the incubation, such that 

Pmax was allowed to vary through the study’s duration. For each GPPobs, we calculated Pmax 

given the light during the incubation (Iincubation) by algebraically rearranging eq (1): 𝑃𝑚𝑎𝑥 =

𝐺𝑃𝑃𝑜𝑏𝑠 ∙
𝐼𝑖𝑛𝑐𝑢𝑏𝑎𝑡𝑖𝑜𝑛+ 𝐾𝑏𝑒𝑛𝑡ℎ𝑖𝑐

𝐼𝑖𝑛𝑐𝑢𝑏𝑎𝑡𝑖𝑜𝑛
.  

Despite the utility of our approach, it also has certain limitations. Namely, we assume 

Kbenthic is a fixed value, such that benthic primary producers reach half their photosynthetic 

maximum at the same light level across time. In our case, it is not possible to determine temporal 

variation in this parameter, or other parameters influencing the sub-saturated portion of the P-I 

curve (e.g., the initial slope in the low-light region of the P-I curve using a hyperbolic-tangent 

function), as we did not conduct incubations across a gradient of light for each sample date. A 

number of functions characterize the relationship between photosynthesis and light (Jassby and 
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Platt 1976); we chose the Michaelis-Menten curve in part because it eased the algebraic 

calculation of Pmax from GPPobs and incubation light levels. As the incubations were performed 

only 0.5 m below the water’s surface, many GPPobs values should well-approximate maximum 

benthic photosynthetic rates under light saturating conditions. However, incubations sometimes 

occurred on days which likely did not provide adequate light for the onset of light-saturation 

(e.g., overcast conditions) (Fig 1), and our approach allowed us to estimate benthic Pmax rates and 

subsequently estimate in situ benthic GPP across the study duration, thereby taking advantage of 

the full temporal extent of the data. 

 

Pelagic primary production 

As for benthic primary production, estimating in situ pelagic primary production across 

years was a central objective of the study. To accomplish this, we measured pelagic primary 

production across a range of light levels and fit Michaelis-Menten P-I curves to these data (see 

below). This approach allowed us to 1) estimate a half-saturation irradiance level for pelagic 

primary producers (i.e., the light level at which photosynthetic rates are half their maximum 

value and analogous to our approach for benthic primary production) and 2) determine an 

empirical relationship between pelagic chl-a concentrations and Pmax. The latter objective 

allowed us to translate our routinely measured chl-a measurements into corresponding pelagic 

Pmax rates. 

 In the summer of 2018, we performed pelagic DO incubations across a range of light 

levels. The incubations were conducted at three sites (our study site in the main basin and two 

sites in the north basin), with three incubations per site, in June, July, and August. While these 

incubations include samples from outside our study site, these measurements are relevant 
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because phytoplankton blooms in the north basin can later enter the main basin. We measured 

pelagic metabolism in clear, acrylic tubes (33-cm tall and 5-cm diameter) filled with 

homogenized, integrated water column samples. We manipulated light availability in individual 

tubes by either completely darkening them (using PVC shades as in the benthic incubations), 

partially excluding light by wrapping them with different layers of mosquito netting, or allowing 

them to receive full ambient light (i.e., leaving the tubes as they were). Each light treatment had 

3 replicates (except for full light, where n =5), though samples were occasionally lost in the field. 

Additionally, for one north basin site, there were only full light and full dark treatments for all 

three incubations. To determine the extent of light reduction imposed by the shade treatments, 

we measured PAR outside and inside the acrylic tubes with their shading treatments and 

stoppers. During the incubations, we estimated PAR availability within the tubes at their 0.5 m 

depth based on the average incoming light levels recorded by an irradiance logger, the light 

attenuation coefficient (kD) from light profiles recorded during the incubation, and the light 

reduction capacity of each shade treatment. Pelagic incubation methods were otherwise 

analogous to those for the benthic incubations described above. We measured chl-a 

concentrations from water in the full light tubes and used the mean concentration for each site-

date combination for subsequent P-I curve fitting (below). 

We fit a single P-I model to pelagic production data from all sites and sample dates. We 

included the mean chl-a concentration for each site-date combination as a covariate, such that 

chl-a concentrations were assumed to drive variation in Pmax across incubations. Assuming that 

GPP is equal to the summed magnitudes of NEP and ER, we fit a modified eq (1): 𝑁𝐸𝑃 =

 
𝑃𝑚𝑎𝑥 ∙𝑐ℎ𝑙∙ 𝐼

𝐼 + 𝐾𝑝𝑒𝑙𝑎𝑔𝑖𝑐
− 𝐸𝑅, to our data using the nls() function in R (Fig 2). This produced a fixed K 

parameter (Kpelagic = 46.09 µmol m-2 s-1) and allowed Pmax rates to vary as driven by chl-a 
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concentrations. The fitted model described the relationship between chl-a (µg L-1) and Pmax (g O2 

m-2 h-1) (estimate ± SE = 0.0032 ± 0.0003; t = 10.06, df = 120, p < 0.001), which we 

subsequently used to estimate Pmax rates corresponding to our pelagic chl-a concentrations from 

2012-2018. We investigated the potential for photoinhibition by fitting our data to the model 

presented in Platt et al. (1980) and found little suggestion of photoinhibition.  

We acknowledge several limitations associated with our approach in handing the pelagic 

primary production measurements. Specifically, we assume Kpelagic and the relationship between 

pelagic Pmax and chl-a are fixed across multiple years, even though these characteristics were 

based on a limited number of incubations within a single summer. Temporal variation in 

taxonomic composition and abiotic conditions (e.g., nutrients, light) may affect the accuracy of 

extending the estimated Kpelagic parameter, as these factors can influence photosynthetic potential 

and efficiency (Richardson et al. 1983; Litchman and Klausmeier 2008; Edwards et al. 2015). 

While it would be possible to allow Kpelagic to vary across our date-site combinations from our 

supplemental incubations in 2018, we opted for fixing this value to mirror our approach as for 

the benthic data. Furthermore, we could not account for how Kpelagic might vary through 2012-

2018 based on the routine chl-a concentrations. Our approach relies on chl-a concentrations to 

explain pelagic Pmax rates, but if pigment composition varies taxonomically, this may affect 

interpretation of the relationship between chl-a concentrations and Pmax rates. Nonetheless, 

previous studies have approximated pelagic Pmax rates from phytoplankton biomass (Guildford et 

al. 1994; Vadeboncoeur et al. 2008). As Dolichospermum was the dominant phytoplankton 

group when we conducted our supplemental measurements in 2018, our estimates of pelagic 

primary production may be particularly affected when other algal divisions (i.e., chlorophytes) 

were dominant.  
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Estimating in-situ benthic and pelagic production 

We estimated in situ benthic and/or pelagic primary production for dates with 

corresponding benthic GPPobs or pelagic chl-a data, which provided us with respective benthic 

and pelagic Pmax rates as described above. We calculated in situ light (Iz) at a given depth, z, 

based on the measured light attenuation coefficient (kD) and light at the water’s surface (I0) as 

𝐼𝑧 =  𝐼0𝑒−𝑘𝐷∙𝑧. For 2012-2016 and May 2017 we used weather station irradiance data to estimate 

I0 (i.e., PAR water surface), and for the remainder of 2017 and all of 2018, during which the 

irradiance data were unavailable, we used the illuminance data from the logger affixed to a buoy 

at the sampling site (see “Methods: Study system and routine monitoring site”). To factor out 

day-to-day differences in irradiance, we calculated hourly surface water PAR levels across a 

five-day window (including the sample date, the two preceding days, and the two following 

days). We assumed constant Kbenthic and Kpelagic values across all years of the study. For benthic 

production, we estimated in situ hourly GPP (across a 24-hr period comprised of the mean hourly 

light levels for the corresponding five-day window) based on eq (1): 𝐺𝑃𝑃 =  
𝑏𝑒𝑛𝑡ℎ𝑖𝑐 𝑃𝑚𝑎𝑥 ∙ 𝐼3.3

𝐾𝑏𝑒𝑛𝑡ℎ𝑖𝑐+ 𝐼3.3
, 

where I3.3 is the estimated irradiance at 3.3 m. To estimate hourly in situ pelagic GPP, we 

integrated eq (1) through the maximum depth at which phytoplankton were assumed to occur 

(zchl; see below): ∫
𝑃𝑚𝑎𝑥∙𝐼0∙𝑒−𝑘𝐷∙𝑧

𝐾𝑝𝑒𝑙𝑎𝑔𝑖𝑐+ 𝐼0∙𝑒−𝑘𝐷∙𝑧  𝑑𝑧
𝑧𝑐ℎ𝑙

0
. We then summed hourly benthic and pelagic GPP to 

estimate daily in situ GPP for each habitat. Because photosynthetic parameters for benthic and 

pelagic algal communities likely vary spatially across Mývatn [e.g., due to differences in depth 

(Devlin et al. 2016) or heterogeneous phytoplankton distribution (Bartrons et al. 2015)], we 

present in situ GPP rates for a hypothetical column of the lake extending above our 3.3-m deep 

sampling site rather than extrapolating our estimates across varying depths of the lake. We 
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present our Pmax and estimated in situ GPP rates in units of carbon by assuming a photosynthetic 

quotient of 1, corresponding to a 1:1 molar ratio for O2 and C (Thorbergsdóttir and Gíslason 

2004). To present the partitioning of primary production into benthic and pelagic components, 

we calculated the benthic fraction of total primary production (BF) at our study site by dividing 

daily benthic GPP by the sum of daily benthic and pelagic (i.e., total) GPP (Vadeboncoeur et al. 

2008; Higgins et al. 2014).  

As routine pelagic chl-a measurements were obtained from integrated water column 

samples, we lack quantitative information about the vertical distribution of phytoplankton. While 

phytoplankton distribution through the water column may be heterogeneous due variation in the 

physical environment (e.g., vertical gradients in temperature, nutrients, light), the distribution of 

chl-a into distinct layers is unlikely for well-mixed lakes (Klausmeier and Litchman 2001; 

Longhi and Beisner 2009). We assume a uniform distribution of chl-a throughout Mývatn’s 

water column, such that zchl = 3.3 m (see above). Pelagic production is therefore assumed to 

decrease with depth due to light attenuation through the water column (as our P-I equation does 

not incorporate photoinhibition). However, previous measurements of pelagic production at 

Mývatn have shown that in certain conditions (i.e., sunny days) photosynthetic rates can increase 

to the depth that provides optimal light conditions (Jónasson and Adalsteinsson 1979). During 

thick blooms at Mývatn, cyanobacteria can concentrate within the upper layer of the water 

column and subsequently affect the vertical limit for phytoplankton production (Jónasson and 

Adalsteinsson 1979). In the appendix, we present temporal comparisons of benthic and pelagic 

Pmax and estimated in situ benthic and pelagic GPP under the assumption that phytoplankton chl-

a is evenly distributed through the euphotic zone (Fig S1, S2), whose lower boundary occurs 

where the in situ light level is 1% of surface PAR (Reynolds 2006). The euphotic zone typically 
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exceeded our study site depth of 3.3 m, but 2014 and 2015 had minimum euphotic zone depths 

of 1.92 m and 2.02 m, respectively (Fig S3).  

Error for estimated hourly in situ benthic GPP was propagated based on error in the 

GPPobs measurement from the field incubations and error in the estimation of Kbenthic. For hourly 

in situ pelagic GPP, error was propagated based on error in estimating Kpelagic and the coefficient 

describing the relationship between Pmax and chl-a, as well as the fact that variance in the 

estimates of these parameters were correlated (i.e., they were obtained from the same model fit to 

our data shown in Fig 2). Errors associated with hourly benthic and pelagic GPP were 

propagated when obtaining errors for the estimated daily GPP rates for each respective habitat. 

Lastly, the errors associated with daily benthic and pelagic GPP rates were propagated when 

calculating the error in the benthic fraction of total production. 

In addition to investigating temporal trends in benthic and pelagic production, we also 

visually explored how variation in pelagic biomass and benthic Pmax may influence autotrophic 

structure (sensu Vadeboncoeur et al. 2008). To accomplish this, we focused on five benthic Pmax 

values (minimum, first quartile, median, third quartile, maximum) to summarize the variation in 

our data. This subset of Pmax values encompasses variation in benthic Pmax described by other 

studies (Liboriussen and Jeppesen 2003; Devlin et al. 2016); thus, our exploration might be 

relevant for understanding the role of benthic Pmax in influencing autotrophic structure in other 

systems. We then qualitatively compared how partitioned GPP (i.e., either benthic or pelagic 

GPP), the combined benthic and pelagic (i.e., total) GPP, and the benthic fraction of total GPP 

vary across our observed range of pelagic chl-a concentrations (0.48 to 64.42 µg L-1) for each of 

these five benthic Pmax values. In our dataset, light attenuation coefficients were strongly related 

to pelagic chl-a concentrations; we empirically modeled this relationship so that kD (m-1) could 
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be expressed as a function of pelagic chl-a (µg L-1) (𝑘𝐷 = 0.92 ∙ ln(𝑝𝑒𝑙𝑎𝑔𝑖𝑐 𝑐ℎ𝑙 + 9.31) − 1.73; 

Fig S4), which allowed us to estimate light attenuation coefficients across the hypothetical 

combinations of pelagic chl-a and benthic Pmax. We standardized the incident light conditions for 

this visualization using the average diel irradiance patterns (Fig S5), which consisted of mean 

hourly incoming PAR values across the five-day windows corresponding to our sample dates. 

 

Time series analysis 

We investigated biotic and abiotic factors contributing to variation in our measured 

benthic Pmax rates. In our analysis, we included benthic Pmax as the response variable and three 

predictor variables: benthic algal biomass (benthic chl-a standardized to percent sediment dry 

weight), temperature during the incubation in which we measured GPPobs, and the cumulative 

benthic light availability preceding the routine incubation. We calculated cumulative benthic 

light availability by summing hourly benthic light levels for the sampling date and the preceding 

two days, such that this metric quantifies the recently experienced light environment by benthic 

algae. This metric incorporates variation in incident light levels over the three-day period, 

although we assumed the same kD value as we measured on the routine sampling date for 

determining benthic light levels for the two days preceding the incubation. We included benthic 

chl-a in our analysis based on the hypothesis that benthic algal abundance would have a positive 

effect on maximum rates of primary production. We included temperature as this can affect rates 

of Pmax (Davison 1991). Lastly, we included the three-day cumulative light availability under the 

rationale that the light environment experienced by benthic algae could potentially affect their 

maximum photosynthetic ability. In addition, to describe the effect of pelagic primary producers 
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on realized in situ benthic production, we conducted a similar analysis to the one above in which 

estimated daily benthic GPP was the response variable and pelagic chl-a was the predictor. 

To statistically describe the effect of a specific predictor variable on our dependent 

variable of interest, we compared models with and without the given predictor variable using a 

likelihood-ratio test (LRT). Models accounted for temporal autocorrelation within years and 

were fit as linear models using generalized least squares with the gls() function within the ‘nlme’ 

package (Pinheiro et al. 2019) in R. Before the analyses, we first ln-transformed benthic Pmax 

rates and benthic chl-a, as they had skewed distributions, and then z-transformed all variables 

across years by subtracting the respective variable’s mean from each observation and dividing by 

that variable’s standard deviation. All analyses were performed in R version 3.6.1 (R Core Team 

2019). 

 

RESULTS 

Ambient conditions across years 

 Across all sampling dates, the average water column temperature at 1-m depth was 12.1 

°C. The water column light environment was variable, with observed light attenuation 

coefficients ranging from 0.18 to 2.39 m-1. Years generally began with relatively low light 

attenuation coefficients (mean kD was 0.45 m-1 across sample dates in May and June), but kD 

increased in the latter parts of some summers (Fig 3). These periods of low water clarity are 

associated with increased pelagic chl-a concentrations, which also showed intra and inter-annual 

variation (Fig 3). Based on water column phycocyanin data and visual observations, the 

increases in pelagic chl-a concentrations during 2014, 2015, and 2018 can be attributed to 

cyanobacteria blooms of Dolichospermum spp. (Fig 3). 
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Benthic and pelagic Pmax rates 

 The pelagic Pmax rates estimated from pelagic chl-a data were generally much lower than 

benthic Pmax rates measured using ecosystem metabolism incubations (Fig 4, S1), suggesting that 

the capacity for benthic primary producers to contribute to total primary production typically 

exceeds that of phytoplankton. The magnitude of pelagic Pmax was often only 1-10% of the 

corresponding benthic Pmax. However, pelagic Pmax approached or exceeded benthic Pmax rates 

during the cyanobacteria blooms in 2014 and 2015 (Fig 4).  

Benthic Pmax varied within years, and we tested whether certain abiotic and biotic factors 

contributed to these trends. We did not find a significant influence of benthic chl-a (LRT: χ2 = 

0.26, df = 1, p = 0.609), the temperature at which the metabolism incubation was performed 

(LRT: χ2 = 0.05, df = 1, p = 0.823), or the cumulative light levels for the time period preceding 

the incubation (LRT: χ2 = 0.59, df = 1, p = 0.443) on benthic Pmax (Fig S6).  

 

Partitioning of benthic and pelagic primary production 

 We estimated in situ benthic and pelagic GPP using the values of Pmax from each sample 

date, incident light levels, and the measured light attenuation coefficients. Estimated benthic 

GPP at times exceeded estimated pelagic GPP by an order of magnitude, but during periods of 

increased phytoplankton abundance, estimated pelagic GPP exceeded benthic GPP and 

dominated primary production (Fig 5, S2). There was a negative effect of phytoplankton on 

benthic primary production, in which estimated in situ benthic GPP was negatively associated 

with pelagic chl-a concentrations (LRT: χ2 = 18.72, df = 1, p < 0.001). This result parallels the 

relationship between light attenuation coefficients and phytoplankton biomass (Fig S4).   
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 The benthic fraction of total estimated production (BF) at our study site varied among 

and within years. In all years, benthic primary production comprised a majority of total 

production in early summer (late May through June), where BF ranged from 60% to 98% (Fig 6). 

In 2014, 2015, and 2018, there were marked declines in BF, which reached < 1% in 2014 and 

2015. In contrast, BF was never < 43% in the four years without dense cyanobacteria blooms 

(2012, 2013, 2016, 2017) (Fig 6). Mirroring the effects of phytoplankton on in situ benthic GPP, 

increased water column light attenuation likely influenced the temporal patterns for BF.  

We visualized how variation in benthic Pmax and pelagic biomass (chl-a) influence total 

production and the partitioning of primary production (Fig 7). This visualization shows two 

pathways through which increasing phytoplankton abundance may alter autotrophic structure. 

First, as phytoplankton biomass increases, in situ benthic GPP is expected to decrease due to 

lower water clarity (Fig 7a). However, the increase in pelagic GPP associated with increased 

phytoplankton biomass at least partially compensates for the declines in benthic GPP (Fig 7b). 

Both the declines in benthic light availability and the increase in pelagic GPP reduce the relative 

contribution of benthic algae to total production (Fig 7c).  

This visualization also suggests that benthic Pmax influences autotrophic structure by 

affecting the point at which pelagic GPP may compensate for the declines in benthic GPP. For 

instance, pelagic GPP surpasses benthic GPP at a lower phytoplankton biomass when maximum 

benthic photosynthetic rates are low compared to when they are high (Fig 7a). Thus, benthic Pmax 

may affect whether increasing phytoplankton biomass leads to a decline, maintenance, or 

increase in total GPP (Fig 7b). For low benthic Pmax values, increased phytoplankton biomass 

resulted in maintenance or increase of total GPP (Fig 7b), although at high benthic Pmax values 

(e.g., median, Q3, max), total GPP declined at low to intermediate phytoplankton biomass, 
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indicating that the initial increase in pelagic GPP was not fully compensating for declines in 

benthic GPP. Additionally, assuming our highest observed benthic Pmax value, phytoplankton 

biomass would not fully compensate for the declines in benthic GPP over our observed range of 

pelagic chl-a concentrations (Fig 7b). Similarly, if we assume a low benthic Pmax value (i.e., our 

minimum observed value), BF is expected to decline below 50% at a lower phytoplankton 

abundance (and correspondingly higher water clarity) than if Pmax is assumed to be high (i.e., our 

maximum observed rate) (Fig 7c). In other words, benthic Pmax in part affects the point at which 

autotrophic structure shifts from benthic-dominated to pelagic-dominated.  

 

DISCUSSION 

 Our results demonstrate the potential for large temporal shifts in autotrophic structure 

within and among years in Lake Mývatn. Benthic algae substantially contributed to total GPP 

during relatively clear-water periods, but during cyanobacterial blooms, pelagic GPP dominated 

total estimated production. Similarly, a recent study that examined ecosystem metabolism 

(integrated across pelagic and benthic habitats) from 2012-2018 at the same study site in Mývatn 

showed that cyanobacteria blooms contributed to the temporal variation in whole-ecosystem 

production (Phillips 2020). When dense cyanobacteria blooms spread through much of the lake 

in 2014, 2015, and 2018, our estimated benthic fraction of total production rapidly declined. In 

mid-2012, the contribution of benthic algae to total production fell slightly below 50% in 

conjunction with an uptick in estimated pelagic GPP, which may have been caused by high 

densities of Oocystis at this time (Bartrons et al. 2015). The declines in estimated benthic GPP 

and its contribution to total production (i.e., BF) were strongly linked to reductions in light 

availability associated with increased phytoplankton abundance. Thus, while shallow Lake 
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Mývatn’s autotrophic structure is often benthic dominated, strong competitive effects of 

phytoplankton on benthic primary producers can shift the partitioning of total production.  

Values of benthic Pmax ranged from 29 to 288 mg C m-2 hr-1, representing large variation 

in the functional abundance of benthic primary producers. We investigated whether biotic and 

abiotic factors contribute to the observed variation in benthic Pmax. We examined the importance 

of benthic chl-a and the recently experienced light environment because of the potential links 

between benthic light availability, algal biomass, and maximum photosynthetic potential. 

Hansson (1988) showed that when light was reduced, epipelic biomass on lake sediments 

declined, and in a light exclusion experiment, Steinman et al. (1990) attributed declines in 

periphyton carbon fixation to a reduction in algal biomass and physiological stress associated 

with persistently dark conditions. However, in our study both benthic chl-a and the recently 

experienced light environment had no significant effects on benthic Pmax. While cyanobacteria 

blooms in Mývatn can block virtually all incident light from reaching the benthos, the blooms 

tend to be ephemeral. Thus, it is possible that water clarity may improve such that the duration or 

severity of shading experienced by benthic algae in Mývatn during blooms is not strong enough 

to elicit responses in Pmax. Alternatively, the absence of an association between benthic chl-a and 

Pmax might indicate that chl-a concentration is not a reliable surrogate for benthic algal biomass, 

as suggested by discrepancies between benthic chl-a and algal biovolume (Baulch et al. 2009). 

Furthermore, our sampling of the top 0.75-cm or 1.5-cm (2014, 2015, and early 2016) layer of 

sediment likely included non-photosynthetically active chlorophyll (Cyr 1998; Liboriussen and 

Jeppesen 2003), which may further complicate using benthic chl-a as a surrogate for the biomass 

of photosynthetically active algae. Thus, the absence of an association between benthic chl-a and 
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benthic Pmax does not necessarily imply that Pmax is unaffected by the biomass of 

photosynthetically active algae. 

While we did not observe an effect of the ambient light environment on benthic Pmax, 

light availability may nonetheless affect photosynthetic potential of benthic algae in other ways. 

For example, through photoacclimation, changes to the light environment affect cellular 

investment in photosynthetic pigments (Richardson et al. 1983; Falkowski and LaRoche 1991), 

such that per-capita investment in photosynthetic pigments may increase during light limited 

conditions (Devlin et al. 2016). Along these lines, Jasper and Bothwell (1986) interpreted a 

strong correlation between chl-a standardized Pmax and recent ambient light conditions as due to 

light-induced changes in cellular chl-a content. These observations suggest that changes in the 

benthic light environment may affect other P-I parameters more strongly than Pmax, and previous 

studies have found strong negative relationships between ambient light and the initial slope of 

the P-I curve (i.e., photosynthetic efficiency at non-saturating light intensities) (Hill et al. 2001; 

Hill and Dimick 2002; Phillips 2020). In our study, we lacked the necessary data to explore how 

ambient benthic light conditions could affect photosynthetic efficiency or photoacclimation, 

though understanding this relationship could more fully illustrate phytoplankton’s effects on 

benthic primary producers. For instance, increased photosynthetic efficiency partially (though 

not fully) compensated for declines in periphyton primary production that resulted from shading 

in streams (Hill et al. 2001; Hill and Dimick 2002). Monitoring benthic P-I parameters (i.e., 

maximum photosynthetic rates and photosynthetic efficiency) both before and after (sensu 

Daniels et al. 2015) a shift to a pelagic-dominated autotrophic structure would help fully 

illustrate the different ways (i.e., changing photosynthetic parameters vs. the direct reduction in 

light availability) by which phytoplankton shading affects benthic primary producers.  
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Changes in autotrophic structure may result in compensatory production shifts such that a 

decrease in primary production in one habitat may be compensated for by increased production 

in the other, thereby maintaining constant rates of whole-system productivity (Vadeboncoeur et 

al. 2001; Brothers et al. 2016; Genzoli and Hall 2016). Conversely, shifts in autotrophic structure 

may cause declines in total production if the increased primary production in one habitat does 

not equal the declines in primary production in the other (Karlsson et al. 2009; Brothers et al. 

2013; Higgins et al. 2014). Similar to previous studies (Genkai-Kato et al. 2012; Brothers et al. 

2016), our visualization across hypothetical combinations of benthic Pmax and pelagic algal 

biomass illustrates the role of benthic Pmax in shaping the overall effect that a shift in autotrophic 

structure has on total GPP. We found that phytoplankton are more likely to compensate for 

shading-induced declines in benthic GPP if benthic Pmax is low. In contrast, even the highest 

pelagic chl-a concentrations that we observed are unlikely to offset declines in benthic GPP 

associated with high benthic Pmax. This conclusion, however, must be made with caution, as our 

maximum observed benthic Pmax (288 mg C m-2 h-1) was atypical for Mývatn. Nonetheless, 

similarly high values have been reported in other shallow lakes (Liboriussen and Jeppesen 2003). 

Furthermore, if phytoplankton biomass exceeded our maximum observation, pelagic production 

may compensate for declining benthic GPP, even if benthic Pmax is high. Our maximum observed 

pelagic chl-a value (64 µg L-1) corresponds to near-maximum phycocyanin reading from the 

seven years of monitoring (Fig 3). Thus, we likely explored compensatory effects between 

benthic and pelagic algae over the range of phytoplankton biomass that is representative of 

Mývatn, but other lakes may support higher phytoplankton biomass (e.g., Søndergaard et al. 

2016). Additionally, the strong relationship between light attenuation coefficients and pelagic 

chl-a at Mývatn (Fig S4) directly linked benthic shading with enhanced pelagic production 
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(because of increased chl-a concentrations) in our visualization. However, high background light 

attenuation found in other systems (e.g., due to high DOC levels, turbidity, or suspended solids) 

would reduce overall production in benthic and pelagic habitats, and the manifested effect of 

background light attenuation on the partitioning of production would likely depend on factors 

such as lake basin shape, which influences the availability of illuminated benthic substrates 

(Vadeboncoeur et al. 2008). The above caveats underscore that the compensation point between 

benthic and pelagic production depends on the relative potential for production under the given 

light conditions in each habitat. Finally, we acknowledge that our observed relationship between 

pelagic Pmax and phytoplankton biomass influences the point at which pelagic production 

compensates for declines in benthic production. Specifically, changes to the scaling between chl-

a and Pmax (i.e., due to abiotic conditions, taxonomic composition of phytoplankton) may affect 

how strongly phytoplankton biomass relates to pelagic Pmax and, consequently, in situ pelagic 

production.  

 Benthic-pelagic coupling theory predicts that shallow lakes with large phosphorus pools 

in the sediment should be able to shift between regimes dominated by phytoplankton and 

periphyton (Genkai-Kato et al. 2012). Movement from one state to the other is facilitated by 

positive feedback loops, in which amassing phytoplankton biomass continually shades benthic 

algae, thereby enhancing nutrient release from the sediment and further increasing pelagic 

production (Liboriussen and Jeppesen 2003; Genkai-Kato et al. 2012; Jäger and Diehl 2014). 

Despite cyanobacteria being a natural feature of Mývatn (Einarsson et al. 2004) and the lake’s 

relatively high P loading rates of 4.1 mg P m-2 d-1 (Ólafsson 1979a), there are no records of a 

multi-year shift to a turbid state caused by cyanobacteria dominance. Therefore, Mývatn does not 

seem prone to regime shifts between benthic and pelagic GPP domination (Scheffer et al. 1997, 
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Carpenter 2003). Similar year-to-year variability in the dominance of cyanobacteria has been 

reported in other shallow lakes (Søndergaard et al. 2016).  

 Several aspects of Mývatn’s ecology and morphology may reduce the likelihood of 

regime shifts. First, Mývatn supports high densities of chironomid larvae, which may mitigate 

the release of nutrients to the water column by stabilizing and oxygenating the sediment through 

their tube-building and bioturbation behaviors (Ólafsson and Paterson 2004; Zhang et al. 2010; 

Holker et al. 2015). Oxygenation is particularly important for mitigating phosphate mobilization 

from sediments because phosphate forms precipitates with iron and other compounds in aerobic 

conditions (Wetzel 2001). Second, the sediment interface at Mývatn may remain oxic regardless 

of benthic photosynthesis because the lake is shallow and well-mixed. Therefore, even when 

there is shading from phytoplankton and hence little oxygen production from benthic 

photosynthesis, release of phosphate from the sediment may be minimal. Third, the lake’s short 

residence time (~27 days) may also contribute to the ephemeral nature of cyanobacteria blooms. 

Previous studies have proposed short residence times as a factor limiting the dominance of 

phytoplankton in estuaries and coastal areas (Valiela et al. 1997; Cebrian et al. 2014). If 

Dolichospermum growth rates slow as the bloom progresses (e.g., due to nutrient limitation), the 

lake’s high flushing rates may remove colonies more quickly than they grow. In summary, these 

biological and physical characteristics of Mývatn may decouple the positive feedback cycle 

underlying regime shifts between periphyton and phytoplankton dominated states, thereby 

preventing a long-term shift to a turbid state. 

This study highlights the temporal dynamics in the partitioning of primary production 

between benthic and pelagic habitats in a shallow lake. Mývatn supports both high benthic and 

pelagic production at different times. Benthic Pmax values spanned almost an order of magnitude, 
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with this variation in part influencing in situ benthic GPP and, consequently, total estimated GPP 

and autotrophic structure. While our visualization of hypothetical combinations of benthic Pmax 

and phytoplankton biomass suggests that pelagic production may compensate for declines in 

benthic GPP when benthic Pmax values are low to moderate, pelagic GPP may not compensate for 

the high values of benthic GPP when Pmax values are high. Even if phytoplankton compensate for 

declines in benthic GPP, a shift in autotrophic structure may nonetheless be consequential in 

Mývatn, where benthic energy pathways dominate the food web, as well as other systems in 

which consumers heavily rely on benthic-derived resources (Hampton et al. 2011; Vander 

Zanden et al. 2011). While monitoring temporal variation in lake autotrophic structure under 

ambient conditions is not commonly undertaken (but see Liboriussen and Jeppesen 2003; 

Althouse et al. 2014), Mývatn shows how dynamic autotrophic structure can be, and that it 

would be misleading to characterize its autotrophic structure without accounting for temporal 

variation. Many factors associated with increasing anthropogenic stressors and global change 

(i.e., eutrophication, invasive species, DOC loading, shoreline development) may alter the 

partitioning of benthic and pelagic primary production, with potential consequences on energy 

flow, trophic interactions, and nutrient fluxes in aquatic ecosystems (Karlsson et al. 2009; Smith 

and Schindler 2009; Hampton et al. 2011; Althouse et al. 2014; Higgins et al. 2014; Solomon et 

al. 2015; Taranu et al. 2015). Thus, a baseline understanding of the temporal dynamics of 

autotrophic structure may assist in predicting the response of aquatic ecosystems to future 

change.  
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Figure 1. Observed benthic gross primary production (GPPobs) measured approximately every 

two weeks from late May to late August for seven years of monitoring at our study site. Each 

point represents a single sample date, with the in situ irradiance level during the incubation. The 

line shows the fit of a Michaelis-Menten type P-I curve to these data.  
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Figure 2. The relationship between pelagic primary production and irradiance was characterized 

at three sites, with three incubations per site in 2018. The line shows a Michaelis-Menten P-I 

curve fit to the production data, which included pelagic chl-a as a covariate influencing variation 

in the maximum productivity rate for each incubation. 
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Figure 3. Temporal variation in water column clarity and phytoplankton abundance at our study 

site. Light attenuation coefficients (kD) and pelagic chl-a were routinely sampled approximately 

every two weeks. Phycocyanin data are shown as daily averages. Gaps in the phycocyanin are 

periods during which the sonde was inactive.  
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Figure 4. Temporal variation in benthic and pelagic maximum rates of primary production (Pmax) 

at the study site. Standard errors are shown for each sample date and are based on propagation of 

standard errors from the dark and light replicate cores (benthic) or standard errors associated 

with the parameter relating Pmax to chl-a (pelagic).  
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Figure 5. Temporal variation in estimated benthic and pelagic daily gross primary production 

(GPP) at the study site. GPP was estimated from using Pmax rates respective to either benthic or 

pelagic producers, light attenuation coefficients, and incident light levels corresponding to each 

sample date.  
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Figure 6. The benthic fraction of total estimated production (daily benthic GPP divided by the 

sum of benthic and pelagic daily GPP rates) for the study site. 
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Figure 7. The partitioned gross primary production (GPP) for (a) the benthic or pelagic habitat 

separately, (b) total GPP, and (c) the benthic fraction of total GPP were estimated for a subset of 

benthic Pmax values encompassing the variation we observed in our measurements (the minimum, 

first quartile, median, third quartile, and maximum values which are respectively equivalent to 
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29, 70, 100, 133, and 288 mg C m-2 h-1). For each benthic Pmax value (depicted as brown lines), 

we estimated these metrics across the range of pelagic chl-a observed in our study. Pelagic chl-a 

concentrations were translated into light attenuation coefficients based on an empirical model fit 

to our data from 2012-2018. We used average diel incident light levels to standardize external 

light conditions across the depicted scenarios. In panel (a), a single line depicts pelagic GPP 

because it is unaffected by benthic Pmax. The horizontal line in panel (b) represents the mean 

daily total GPP estimated across all our sampling dates. The horizontal line at 50% in panel (c) 

represents the point at which benthic and pelagic algae equally contribute to total GPP. Pelagic 

chl-a concentrations are shown on a natural-log scale.  
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Appendix B: Supplemental figures for Chapter 2 

 

 

 

 

Figure S1. Interannual variation in benthic and pelagic maximum rates of primary production 

(Pmax) at the 3.3 m deep study site, under the assumption that phytoplankton biomass is evenly 

distributed through the euphotic zone. This figure is analogous to Figure 4, except the version in 

the main text assumes that pelagic chl-a is evenly distributed throughout the entire water column. 

 

 

 

 

 

 



112 
 

 

Figure S2. Interannual variation in estimated benthic and pelagic daily gross primary production 

(GPP) at the 3.3 m deep study site, under the assumption that phytoplankton biomass is evenly 

distributed through the euphotic zone. This figure is analogous to Figure 5, except the version in 

the main text assumes that pelagic chl-a is evenly distributed throughout the entire water column. 
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Figure S3. Depth of the euphotic zone, where 1% of surface light reaches. The horizontal line 

depicts the depth of the study site (3.3 m). Open symbols illustrate points during which the 

euphotic zone was less than the site depth. 
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Figure S4. Pelagic chl-a concentrations affected measured light attenuation coefficients (kD). 

The curve shows the function fit to the data: 𝑘𝐷 = 0.92 ∙ log(𝑝𝑒𝑙𝑎𝑔𝑖𝑐 𝑐ℎ𝑙 + 9.31) − 1.73 
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Figure S5. Mean photosynthetically active radiation (PAR) at the water’s surface. Mean hourly 

light levels were calculated from all the aggregated five-day windows around our sample dates. 

These diel light levels were used as the incident light for the visualizations presented in the main 

text Figure 7. 
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Figure S6. Interannual trends between benthic Pmax (shown in black) benthic chl-a, preceding 

benthic light availability, and incubation temperature, which were included as potential 

explanatory variables of benthic Pmax. Benthic Pmax and benthic chl-a were first ln-transformed, 

and then all variables were Z-transformed across years. 
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ABSTRACT 

Consumer-resource interactions can cause population cycles; however, demonstrating consumer-

resource dynamics is often confounded by the absence of data on either consumer or resource. 

Dramatic population fluctuations of Tanytarsus gracilentus (Diptera: Chironomidae) in Lake 

Mývatn are likely governed by consumer-resource interactions between midge larvae and 

benthic algae. Here, we analyzed carbon stable isotope signatures of archived T. gracilentus 

specimens collected from 1977-2015 to investigate T. gracilentus population dynamics using 

their δ13C values. As a known benthic herbivore/detritivore, we expect T. gracilentus δ13C values 

should reflect algal δ13C values, which in turn reflect algal primary productivity. Thus, we treat 

midge δ13C values as a surrogate for resource availability. We analyzed a time series of 78 midge 

generations to estimate interactions within and between consumers and resources, while 

accounting for measurement error and possible preservation effects on isotope values. Statistical 

results were consistent with our hypothesis treating δ13C values as a resource availability 

surrogate. 13C-enrichment, indicating high benthic productivity, was associated with increased T. 

gracilentus abundance, and high T. gracilentus abundance was associated with 13C-depletion, 

consistent with benthic productivity declines. Our study adds new evidence that consumer-

resource interactions drive T. gracilentus population fluctuations and demonstrates potential 

stable isotope applications for reconstructing consumer-resource dynamics.  

Key words: population fluctuation, Chironomidae, diatoms, benthic primary production, Mývatn 

 

INTRODUCTION 

Cyclic population dynamics are widespread and are often caused by consumer-resource 

interactions (Murdoch et al. 2003). The majority of documented cases, however, appear to 
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involve prey and predators, rather than primary producers. Confirming the role of consumer-

resource interactions in driving population fluctuations, regardless of whether resources are 

primary producers, is often challenging due to the lack of data for one ecological partner 

(Einarsson et al. 2016). Thus, in many cases, surrogate resource availability data are necessary to 

understand consumer population dynamics.  

In this study, we examine a consumer population with widely fluctuating abundance and 

use carbon stable isotope analysis to infer how resource availability is linked to these population 

fluctuations. Tanytarsus gracilentus (Diptera: Chironomidae) is a keystone species in Lake 

Mývatn, Iceland, and decades of extensive monitoring (1977-present) have shown the population 

undergoes dramatic fluctuations, spanning 4-5 orders of magnitude, with irregularly timed 

crashes, occurring every 4-10 years. Our working hypothesis is that consumer-resource 

interactions drive T. gracilentus fluctuations; however, data for their main food source, benthic 

diatoms, do not exist, making direct time-series analyses of consumer-resource dynamics 

impossible (Einarsson et al. 2016). Nonetheless, previous studies using resource surrogates 

support the influence of consumer-resource interactions on midge population dynamics. First, T. 

gracilentus wing lengths (a resource availability proxy) decline in the generations preceding a 

crash, while there was no relationship between T. gracilentus and predator abundance (Einarsson 

et al. 2002). Second, cyclic interactions between diatom pigments (diatoxanthin) and midge 

abundance (egg capsules) were found in sediment cores from Mývatn (Einarsson et al. 2016). 

Third, a consumer-resource model allowing for alternative dynamical states between a relatively 

stable high point and a high-amplitude population cycle closely matches the observed 

fluctuations and irregular periodicity in the long-term T. gracilentus abundance data (Ives et al. 

2008). Finally, there is no evidence that other potential factors (e.g., predators, diseases, climatic 
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variability) cause midge population crashes. Nonetheless, evidence that interactions with their 

resources drive the dramatic fluctuations in T. gracilentus abundance is circumstantial. 

Our primary objective was to determine whether temporal patterns in T. gracilentus 

stable carbon isotope signatures provide additional support linking consumer-resource 

interactions to their population fluctuations. Carbon stable isotope analysis can reveal consumer 

resource use and, in some cases, resource productivity. These inferences are based on changes in 

the ratio between 13C and 12C (δ13C) during biological processes. In aquatic systems, algal δ13C 

values reflect primary productivity due to the relationship between inorganic carbon demand and 

photosynthetic rates. Primary producers preferentially use 12C during photosynthesis because it 

reacts more quickly than 13C in biochemical reactions (Fry 2006). Because benthic algae have a 

relatively limited carbon supply due to thick boundary layers (i.e., stagnant water separating 

periphyton from the overlying water), they more commonly incorporate 13C during fixation or 

use bicarbonate, resulting in their relatively enriched δ13C values (Hecky and Hesslein 1995, Hill 

and Middleton 2006). High rates of primary productivity exacerbate carbon-limitation and are 

associated with 13C-enrichment because increasing inorganic carbon demand relative to the 

concentration available reduces the degree of photosynthetic fractionation (Hecky and Hesslein 

1995, Finlay 2001). In contrast to carbon fixation, little fractionation occurs between consumers 

and their diets (Fry 2006). Therefore, primary consumer δ13C values reflect those of primary 

producers, raising the potential for consumer δ13C values to serve as a surrogate for resource 

availability (e.g., primary productivity; Devlin et al. 2013). Analyzing stable isotopes from 

archived specimens can provide opportunities to reconstruct the history of consumer resource use 

and ecosystem productivity (Wainright et al. 1993, Grey et al. 2009, Blight et al. 2015). We 

analyzed δ13C signatures of adult T. gracilentus specimens collected from 1977-2015 and 
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examined the relationship between δ13C values and corresponding population sizes. As T. 

gracilentus is a primary consumer (herbivore/detritivore) with known food sources (benthic 

diatoms and associated detritus) (Ingvason et al. 2004), temporal variation in δ13C values should 

largely reflect isotopic shifts of their resource (benthic primary producers), rather than a change 

in diet or trophic position (sensu Grey et al. 2009). Thus, we analyze the data under the 

hypothesis that δ13C values of T. gracilentus mirror changes in benthic productivity, thereby 

providing a proxy for their resource availability. To supplement our interpretation of δ13C values, 

we examine the relationship between benthic productivity and δ13C values in a supplemental 

experiment (Appendix 1). If treating δ13C as a proxy for algal productivity is consistent with 

consumer-resource dynamics, then this provides evidence to support not only the use of δ13C as a 

proxy, but also for the existence of consumer-resource dynamics.  

 

METHODS 

Study system, chironomid monitoring, and isotope sampling 

Mývatn (65°37’N, 17°00’W; 37 km2) is a shallow lake in northeast Iceland with a mean 

depth of 2.5 m (Einarsson et al 2016). Mývatn is naturally eutrophic due to nutrient-rich 

groundwater inputs and supports high internal primary production, while receiving little external 

carbon inputs (Jónasson 1979, Einarsson et al. 2004). Benthic algae (especially sediment-

associated diatoms) generally dominate whole-lake production; however, phytoplankton 

(especially cyanobacteria blooms) vary interannually and can contribute to total production 

(Einarsson et al. 2004; Chapter 2).  

 Mývatn is Icelandic for “midge lake”, and the high abundance of chironomid larvae is a 

defining ecological feature of the lake. The dominant species, T. gracilentus, can comprise 67% 
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of secondary production (Lindegaard and Jónasson 1979) and undergoes large population 

fluctuations: larvae exceed densities of 200,000 individuals m–2 in high midge years (Lindegaard 

and Jónasson 1979) and are nearly absent in crash years. T. gracilentus larvae construct silk 

tubes in the sediment and feed on benthic algae and detritus. Two non-overlapping T. gracilentus 

generations generally occur each year, with spring and summer generation adults emerging in 

late May or early August, respectively.  

Since 1977, chironomid abundances at Mývatn have been monitored with window traps 

located on the lakeshore. Window traps passively capture aerial insects and consist of an open 

box containing a preservative, situated 1-3 m above the elevation of the water surface (see 

Gardarsson et al. 2004 for additional details). For this study, the focal window trap is located on 

the Sydri-Neslond peninsula along the main basin’s northern shore and captures a chironomid 

assemblage characteristic of the profundal habitat (Gardarsson et al. 2004). Window traps were 

sampled from May to September every one to two weeks. Dipterans were enumerated and 

identified to species (typically with subsampling). Species abundances were summed for spring 

and summer (using a cutoff date of ~15-20 July), which distinguishes the two annual T. 

gracilentus emergences (Gardarsson et al. 2004). After sample processing, archived specimens 

were preserved in 70% ethanol for long-term storage, with the identified individuals contained in 

glass vials and the unsorted (i.e., non-identified) sample portion contained in plastic containers. 

We retrieved archived T. gracilentus adults that were collected from 1977-2015 for δ13C 

analysis. Typically, we retrieved samples for a single date per emergence, but in some cases, 

samples from two dates within an emergence were analyzed separately. Material was generally 

retrieved from the unsorted sample portion, but in some low-midge years, we used individuals 

from the identified collection. Our target was 60 T. gracilentus adults per sample, and when 
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samples were smaller, we collected as many individuals as possible. We lack δ13C data for some 

crash year emergences because we could not obtain enough material for isotopic analysis. Most 

specimens were retrieved in 2017, but a few were retrieved in 2015. If enough midges remained 

in the retrieved portions from 2015, we analyzed additional midges from these samples in 2017. 

This allowed us to compare the variability of sample pairs collected within a window trap on the 

same date to sample pairs collected from different dates within the same emergence; variability 

among both types of sample pairs were similar.  

Midge adults were exposed to window trap preservatives and 70% ethanol for long-term 

storage. From 1977-2000, the window trap preservative consisted of 10% formalin, a small 

amount of detergent, and ethylene glycol (Gardarsson et al. 2004), but in 2000, it was switched 

to propylene glycol. We examined effects of these preservation methods on isotope values in a 

small experiment, with associated methods and results reported in Appendix 2. 

To prepare samples for isotopic analysis, they were rinsed with deionized water, dried at 

60 ºC, homogenized with a pestle, and stored in a desiccator for 24 h. The University of 

California Davis Stable Isotope Laboratory (Davis, CA, USA) performed the isotopic analysis. 

Isotope signatures are expressed in delta (δ) notation where δ = [(R sample – R standard)/R standard] × 

1000, and R = 13C/12C. δ13C is reported relative to Vienna PeeDee Belemnite. Analytical error 

standard deviations were 0.09‰ and 0.04‰, respectively, for the 2015 and 2017 analyses. 

Duplicates run for a subset of homogenized samples had a mean standard deviation of 0.07‰. 

Time-series analysis 

We used a state-space model to examine the interactions between midge abundance and 

δ13C values (Harvey 1989; Ives et al. 2003). When multiple samples within an emergence were 

analyzed for δ13C, we used the mean value. Prior to analysis, we standardized T. gracilentus δ13C 
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values and log-transformed abundance by subtracting the respective variable’s mean from each 

observation and dividing by the variable’s standard deviation (z-transformation).  

Consumer-resource dynamics were modeled as  

𝑥1(𝑡) = 𝑏10 +  𝑏11[𝑥1(𝑡 − 1) − 𝑏10] +  𝑏12[𝑥2(𝑡 − 1) − 𝑏20] + 𝜀1𝑡 
(1) 

𝑥2(𝑡) = 𝑏20 +  𝑏22[𝑥2(𝑡 − 1) − 𝑏20] +  𝑏21[𝑥1(𝑡 − 1) − 𝑏10] + 𝑐21𝑈1(𝑡) + 𝜀2𝑡 

where x1(t) and x2(t) are the transformed T. gracilentus abundance and δ13C value in generation t; 

coefficients 𝑏𝑖𝑗 quantify the effect of 𝑥𝑗(𝑡 − 1) on 𝑥𝑖(𝑡), such that 𝑏12 represents the effect of 

δ13C on the change in midge abundance and 𝑏21 represents the effect of midge abundance on the 

change in δ13C; coefficients b11 and b22 give the autocorrelation of midge abundance and δ13C 

values; bi0 scale mean values; and 𝜀𝑖𝑡 are normal random variables with mean 0 and variance 𝜎𝑖
2, 

representing process error for each state variable. Visual inspection of δ13C data suggested that 

spring generation midges were 13C-depleted relative to those from the summer generation of the 

same year. We included a categorical covariate, 𝑈1(𝑡), to account for season (value zero for 

spring and one for summer), with 𝑐21 giving the effect of season on 𝑥2(𝑡).  

We assumed measurement error for 𝑥1(𝑡) and 𝑥2(𝑡) that is represented by: 

𝑥1
∗(𝑡) = 𝑥1(𝑡) + 𝜑1(𝑡)  

𝑥2
∗(𝑡) = 𝑥2(𝑡) + 𝑐22𝑈2(𝑡) + 𝜑2(𝑡) 

where x1(t) and x2(t) are the observed transformed abundance of T. gracilentus and δ13C values; 

φ1(t) is a Gaussian random variable with mean zero and variance ν1
2 representing observation 

error for log T. gracilentus abundance; and φ2(t) is a Gaussian random variable with mean zero 

and variance ν2
2/n(t) representing observation error for δ13C values, where n(t) is the number of 

individuals pooled for analysis. We coded window trap preservative methodology, which 

changed in 2000, with a categorical covariate 𝑈2(𝑡), which had value zero up to 1999 and one 
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thereafter. This allows the mean δ13C to differ by methodology, with 𝑐22 representing this effect 

on δ13C values.  

The likelihood function was fit for the model given by equations 1, resulting in estimates 

for 12 variables: 𝑏10, 𝑏20, 𝑏11, 𝑏22, 𝑏12, 𝑏21, 𝜎1
2, 𝜎2

2, 𝜐1
2, 𝜐2

2, 𝑐21, 𝑐22. To determine the statistical 

significance of the effect of δ13C on midge abundance (𝑏12) and the effect of midge abundance 

on δ13C (𝑏21), we compared the full model to a reduced 10-parameter model (where 𝑏12 = 𝑏21 =

0) using a likelihood ratio test (LRT). We also tested the significance of 𝑏12 and 𝑏21 separately 

by comparing the full model to a reduced 11-parameter model where either 𝑏12 = 0 or 𝑏21 = 0 

with LRTs. All analyses were conducted in R version 3.6.1 (R Core Team 2019) using code 

modified from (Ives and Dakos 2012).  

RESULTS 

The results of the time-series analysis of midge abundance and δ13C values were 

consistent with the dynamics that would arise from consumer-resource interactions in which δ13C 

values are a proxy for algal production. High δ13C values tended to precede peak T. gracilentus 

abundances, and δ13C values tended to decline when midges reached high abundance (Figure 1). 

The estimate for coefficient 𝑏12, which measures the effect of δ13C on changes in midge 

abundance, was positive (Table 1), indicating that enriched δ13C values were associated with 

increased midge abundance in the following generation. Coefficient 𝑏21, which measures the 

effect of midge abundance on δ13C, was negative, indicating that high midge abundances were 

associated with decreases in δ13C values. Coefficients 𝑏12 and 𝑏21 were significantly different 

from zero when analyzed together (χ2(2) = 15.09; p = 0.0005) and separately (𝑏12 =  0: χ2(1) = 

5.21, p = 0.022; 𝑏21 = 0: χ2(1) = 11.62, p = 0.0007).  
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The model also demonstrated an effect of season (spring vs. summer emergence) on δ13C 

values, represented by the positive estimate for 𝑐21 (Table 1; Figure 1): midges from the summer 

generation generally had higher δ13C values relative to those from the spring generation of the 

same year. The negative estimate for 𝑐22 suggests that δ13C values were lower when propylene 

glycol was the window trap preservative; however, this is inconsistent with our experimental 

results comparing propylene glycol/ethanol and formalin/ethanol storage effects (Appendix 2). 

Midge abundance and δ13C values showed moderate autocorrelation as indicated by 𝑏11 and 𝑏22. 

The model was able to separate process and measurement error for our two variables (Table 1).  

DISCUSSION 

We investigated whether the interaction between the midges and their main food 

resource, benthic algae, could explain the population fluctuations of T. gracilentus in Lake 

Mývatn. Midge abundance in Mývatn has been monitored since 1977, and we used the 

specimens collected from this monitoring program to obtain δ13C values. We analyzed this time 

series assuming that δ13C values were a proxy for benthic algal production. Benthic algal δ13C 

values increase with primary productivity because as inorganic carbon becomes limiting, algae 

discriminate less against 13C (Hecky and Hesslein 1995, Hill and Middleton 2006); our 

supplemental experiment examining the link between benthic productivity and δ13C in sediment 

from Mývatn supported this interpretation (Appendix 1). In retrospective studies, detecting a 

mechanism responsible for temporal variation in consumer stable isotope signatures is often 

challenging because multiple factors may contribute to the observations. For instance, both 

changes in organism feeding behavior (e.g., dietary or trophic level shifts) and altered isotopic 

baselines (e.g., environmental conditions or ecosystem perturbations affecting primary 

producers) can affect consumer isotope values (Wainright et al. 1993, Grey et al. 2009, Blight et 
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al. 2015). Visual observations, gut contents, and δ13C signatures of T. gracilentus larvae 

demonstrate their consistent feeding habits and reliance on benthic diatoms and associated 

detritus (Ingvason et al. 2004; Chapter 4; unpublished data). Thus, we assume that shifts in δ13C 

signatures of benthic algae largely contribute to variation in T. gracilentus δ13C values, rather 

than dietary or trophic level shifts. The results of the time-series analysis were consistent with 

the hypothesis that midge population fluctuations were driven by interactions between midges 

and benthic algae. This not only gives evidence for consumer-resource dynamics, but also 

supports for using δ13C as a proxy for benthic algal production. 

Our results complement other lines of evidence that the dramatic population fluctuations 

of midges in Mývatn are driven by midge-algal interactions. For example, in a paleoecology 

analysis, high diatoxanthin (a diatom pigment and proxy for Mývatn’s benthic algal biomass) 

concentrations were associated with increased midge egg capsule abundance (Einarsson et al. 

2016). Einarsson et al. (2002) analyzed data from the same monitoring program as our data, 

focusing on the period 1977-1999 when wing lengths were recorded for male midges. Using 

wing length as a proxy for food abundance, they showed that food limitation (decreased wing 

lengths) preceded population crashes. Additionally, in a mesocosm experiment, increased 

benthic productivity was associated with faster timing to T. gracilentus emergence, 

demonstrating primary production’s effects on midge development (Phillips unpublished data). 

Low to moderate experimental densities of T. gracilentus larvae enhance benthic primary 

production by increasing substrate availability through their tube-building; however, at high T. 

gracilentus densities, consumption of benthic algae may outweigh their substrate-boosting effect 

and lead to decreased algal productivity (Phillips et al. 2019). In another mesocosm experiment, 

moderately high T. gracilentus larval densities (~85,000 individuals m-2) negatively affected 
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benthic productivity rates (Phillips unpublished data), which is consistent with our results when 

δ13C is treated as a proxy for benthic algal production. Additionally, Einarsson et al. (2016) 

showed that increased midge abundance was associated with declines in diatom pigments in 

sediment cores, suggesting that midges may reduce diatom biomass as their population grows. 

Decreased diatom abundance could reduce competition among algae, and thus, enable higher 

13C-discrimination.  

While our results are consistent with δ13C indicating algal productivity, a dietary shift 

could be an alternative hypothesis for variation in midge δ13C values. After benthic algae, 

phytoplankton is the most likely potential carbon source for midges. Because phytoplankton 

have low δ13C values relative to benthic algae (Hecky and Hesslein 1995), under this hypothesis 

our statistical results would imply that high midge abundance would increase midge reliance on 

phytoplankton. Phytoplankton production is low relative to benthic production in Mývatn except 

during intermittent cyanobacteria blooms; thus, this explanation would seemingly require 

increased cyanobacterial blooms caused by high midge densities. However, high T. gracilentus 

densities should hypothetically inhibit, rather than contribute to, cyanobacteria blooms, due to 

the stabilizing and oxygenating effects of their tube-building, which should decrease the flux of 

phosphate to the water column (Einarsson et al. 2004). Finally, visual observations of T. 

gracilentus gut contents show consistent feeding habits and reliance on benthic diatoms and 

associated detritus (Ingvason et al. 2004; unpublished data). Thus, the alternative hypothesis that 

diet shifts cause changes in δ13C values does not fit what we know about the biology of Mývatn, 

in contrast to the hypothesis that δ13C values reflect benthic algal productivity.  

The time-series analysis revealed additional biologically interesting information. While 

lower than the autocorrelation of T. gracilentus abundance, 𝑏11, the magnitude of autocorrelation 
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for δ13C values, 𝑏22, was moderately high. Autocorrelation measures how quickly variables 

change through time, and relatively high autocorrelation for δ13C is surprising given the short 

generation times of algae compared to midges; the rate at which the algal population could grow 

could potentially greatly reduce autocorrelation. The estimated autocorrelation for δ13C suggests 

that other factors than algal population growth rates are important for benthic algal productivity. 

Possibilities include changes in nutrient reserves in the sediment that limit algal productivity, and 

the positive effect of midges on algal productivity by providing a solid substrate on which to 

grow (midge tubes), which change on a similar time scale as midge generations.  

The time-series analysis also shows that T. gracilentus δ13C values were typically higher 

in summer than spring generations, indicated by c21 > 0. This seasonal difference could reflect 

more productive algae in summer, as this season provides much greater light availability than 

spring. Alternatively, the seasonal trend in midge δ13C values could reflect different δ13C 

signatures of inorganic carbon used by algae. Ice-off at Mývatn occurs in late spring (mid-May), 

but light can penetrate ice once snow has melted, similar to other high-latitude lakes (Karlsson et 

al. 2008). Thus, benthic photosynthesis likely occurs under the ice in spring. Because ice 

prevents atmospheric CO2 influx into lakes (Striegl et al. 2001), the most common carbon source 

for photosynthesis likely comes from heterotrophic respiration of benthic detritus (Karlsson et al. 

2008). This likely influences algal δ13C values, as CO2 derived from microbial degradation of 

organic matter is 13C-depleted compared to atmospheric CO2 (Hecky and Hesslein 1995).  

We investigated how preservation methods similar to those used in Mývatn’s long-term 

monitoring may affect δ13C values and found more enriched δ13C values when propylene glycol, 

rather than formalin, was the initial preservative (Appendix 2). However, this experimental result 

is inconsistent with the results from the time-series model, which estimated a lower mean δ13C 
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value when propylene glycol was used. The reason for these conflicting results is unclear, but 

differences in study organism (black flies in the experiment vs. midges in the time-series) or 

isotopic signatures of chemical preservatives (long-term monitoring vs. our supplementary 

experiment) may have contributed to the discrepancy (Appendix 2). While we performed the 

supplemental experiment to understand how chemical preservation may affect our archived 

specimens, our statistical approach provided an alternate way to account for this potential 

artifact, and model results were similar regardless of the preservation covariate’s inclusion. The 

lack of correspondence between our model estimate and supplemental experiment should not 

incumber interpretation of δ13C patterns because chemical preservation effects are largely 

independent of storage duration (Sweeting et al. 2004, Syväranta et al. 2008; Appendix 2), and 

we were more interested in temporal trends in δ13C values than the specific signatures per se.  

Attempts to link consumer isotopic signatures and population dynamics have been done 

in an “exploratory” nature (Wainright et al. 1993), but to our knowledge, this is the first study to 

explicitly examine interactions between consumer abundance and resources based on their 

isotopic signatures. Our results show strong interactions between consumer populations and algal 

primary production and provide support that midge-algal interactions cause the 5-orders-of-

magnitude T. gracilentus population fluctuations in Mývatn. Thus, we have provided new 

evidence that the dynamics of T. gracilentus in Mývatn is one of the rare examples in which 

interactions between primary consumer and primary producers are strong enough to drive large 

fluctuations in abundances. In this example, δ13C values provide a valuable proxy for resource 

availability when long-term data are nonexistent. Temporal records of stable isotope signatures 

may similarly lead to valuable insights for other consumer populations.  

 



131 
 

ACKNOWLEDGMENTS / AUTHOR CONTRIBUTIONS 

Many individuals assisted with chironomid sampling over the four decades of monitoring. E. 

Hannesdóttir helped retrieve archived samples, and C. Gratton provided support in preparing 

samples for isotopic analysis. National Science Foundation grants DEB-1556208, DGE-

1256259, and DGE-1144752 supported this work. ÁE collected the long-term chironomid data 

and samples. ARM prepared samples for stable isotope analysis. ARI conceived the statistical 

approach, and ARI, ARM, and JSP performed the analyses. ARM wrote the first draft of the 

manuscript with all other authors contributing to subsequent versions.   

LITERATURE CITED 

Blight, L. K., K. A. Hobson, T. K. Kyser, and P. Arcese. 2015. Changing gull diet in a changing 

world: A 150-year stable isotope (d13C, d15N) record from feathers collected in the Pacific 

Northwest of North America. Global Change Biology 21:1497–1507. 

Einarsson, Á., A. Gardarsson, G. M. Gíslason, and A. R. Ives. 2002. Consumer – resource 

interactions and cyclic population dynamics of Tanytarsus gracilentus (Diptera: 

Chironomidae). Journal of Animal Ecology 71:832–845. 

Einarsson, Á., U. Hauptfleisch, P. R. Leavitt, and A. R. Ives. 2016. Identifying consumer-

resource population dynamics using paleoecological data. Ecology 97:361–371. 

Einarsson, Á., G. Stefánsdóttir, H. Jóhannesson, J. S. Ólafsson, G. M. Gíslason, I. Wakana, G. 

Gudbergsson, and A. Gardarsson. 2004. The ecology of Lake Myvatn and the River Laxa: 

Variation in space and time. Aquatic Ecology 38:317–348. 

Finlay, J. C. 2001. Stable carbon isotope ratios of river biota: implications for energy flow in 

lotic food webs. Ecology 82:1052–1064. 

Fry, B. 2006. Stable Isotope Ecology. 



132 
 

Gardarsson, A., Á. Einarsson, G. M. Gíslason, T. Hrafnsdóttir, H. R. Ingvason, E. Jónsson, and J. 

S. Ólafsson. 2004. Population fluctuations of chironomid and simuliid Diptera at Myvatn in 

1977-1996. Aquatic Ecology 38:209–217. 

Grey, J., C. T. Graham, J. R. Britton, and C. Harrod. 2009. Stable isotope analysis of archived 

roach (Rutilus rutilus) scales for retrospective study of shallow lake responses to nutrient 

reduction. Freshwater Biology 54:1663–1670. 

Harvey, A. C. 1989. Forecasting, structural time series models and the Kalman filter. Cambridge 

University Press, Cambridge, UK. 

Hecky, R. E., and R. H. Hesslein. 1995. Contributions of benthic algae to lake food webs as 

revealed by stable isotope analysis. Journal of the North American Benthological Society 

14:631–653. 

Hill, W. R., and R. G. Middleton. 2006. Changes in carbon stable isotope ratios during 

periphyton development. Limnology and Oceanography 51:2360–2369. 

Ingvason, H. R., J. S. Ólafsson, and A. Gardarsson. 2004. Food selection of Tanytarsus 

gracilentus larvae (Diptera: Chironomidae): an analysis of instars and cohorts. Aquatic 

Ecology 38:231–237. 

Ives, A., B. Dennis, K. Cottingham, and S. Carpenter. 2003. Estimating community stability and 

ecological interactions from time-series data. Ecological Monographs 73:301–330. 

Ives, A. R., and V. Dakos. 2012. Detecting dynamical changes in nonlinear time series using 

locally linear state-space models. Ecosphere 3:58. 

Ives, A. R., A. Einarsson, V. A. A. Jansen, and A. Gardarsson. 2008. High-amplitude 

fluctuations and alternative dynamical states of midges in Lake Myvatn. Nature 452:84–87. 

Jónasson, P. M. 1979. The Lake Mývatn ecosystem, Iceland. Oikos 32:289–305. 



133 
 

Karlsson, J., J. Ask, and M. Jansson. 2008. Winter respiration of allochthonous and 

autochthonous organic carbon in a subarctic. Limnology and Oceanography 53:948–954. 

Lindegaard, C., and P. M. Jónasson. 1979. Abundance , population dynamics and production of 

zoobenthos in Lake Myvatn , Iceland. Oikos 32:202–227. 

Murdoch, William W., Cheryl J. Briggs, and Roger M. Nisbet. Consumer-resource dynamics. 

Vol. 36. Princeton University Press, 2003. 

Phillips, J. S., A. R. McCormick, Á. Einarsson, S. N. Grover, and A. R. Ives. 2019. 

Spatiotemporal variation in the sign and magnitude of ecosystem engineer effects on lake 

ecosystem production. Ecosphere 10:e02760. 

R Core Team 2019. R: A language and environment for statistical computing. R Foundation for 

Statistical Computing, Vienna, Austria. 

Striegl, R. G., P. Kortelainen, and J. P. Chanton. 2001. Carbon dioxide partial pressure and 13C 

content of north temperate and boreal lakes at spring ice melt. Limnology and 

Oceanography 46:941–945. 

Sweeting, C. J., N. V. C. Polunin, and S. Jennings. 2004. Tissue and fixative dependent shifts of 

δ13C and δ15N in preserved ecological material. Rapid Communications in Mass 

Spectrometry 18:2587–2592. 

Syväranta, J., S. Vesala, M. Rask, J. Ruuhijärvi, and R. I. Jones. 2008. Evaluating the utility of 

stable isotope analyses of archived freshwater sample materials. Hydrobiologia 600:121–

130. 

Wainright, S. C., M. J. Fogarty, R. C. Greenfield, and B. Fry. 1993. Long-term changes in the 

Georges Bank food web: trends in stable isotope compositions of fish scales. Marine 

Biology 115:481–493. 



134 
 

Table 1. Parameter estimates from the state-space model.  

Coefficient Estimate 

b10 -0.99 

b20 -0.32 

b11 0.84 

b22 0.42 

b12 0.26 

b21 -0.31 

c21 1.37 

c22 -0.59 

σ1 0.61 

σ2 0.45 

υ1 0.0 

υ2 3.1 

LL -153.94 
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Figure 1. Solid lines show model fits to T. gracilentus abundance (black) and δ13C values (blue). 

Points give values after standardization. 
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Appendix C: Supplementary methods and results for Chapter 3 (Part I) 

 

Examining algal δ13C values across a light gradient 

 

Supplementary Methods 

Our study’s primary objective was examining consumer-resource interactions using long-

term midge abundance data and their corresponding δ13C values. As Tanytarsus gracilentus are 

primary consumers that rely on benthic algae and detritus, we assume that their δ13C signatures 

should reflect variation in δ13C values of benthic primary producers. Previous studies have 

demonstrated that enriched primary producer δ13C values are associated with high biomass 

and/or primary production because as the demand for inorganic carbon increases relative to its 

availability, algae lower their discrimination against 13C during photosynthesis (Hecky and 

Hesslein 1995, Hill and Middleton 2006, Devlin et al. 2013). The goal of this supplemental 

experiment was to examine whether enriched δ13C values were associated with benthic 

productivity in Mývatn. 

We chose an experimental approach to help isolate the link between productivity and 

carbon isotope signatures. We manipulated light as a means of affecting benthic primary 

production because light is a limiting factor for benthic productivity in many lakes 

(Vadeboncoeur et al. 2014), including Mývatn (Phillips et al. 2019), and then examined the 

effect of experimental shading on benthic algal δ13C values. In July 2018, we collected sediment 

cores (50 cm height, 5 cm inner diameter) with a Kajak corer from a 2.7-m deep site in the 

southwest region of Mývatn. The top 15 cm from each core was extruded into clear acrylic tubes 

(33 cm height, 5 cm inner diameter), such that the vertical structure of the cores remained intact. 

We plugged the bottom of each 33-cm tube with a circular piece of foam and secured plastic 
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material around the tube’s bottom perimeter. The experimental sediment cores were arranged 

within an opaque crate that had circular openings to keep the tubes evenly spaced and upright. 

The sediment surface within each tube was level with the crate’s opaque top, with the remaining 

~15 cm of each clear tube extending beyond the top of the crate. Thus, sediment below the 

surface layer was not exposed light, mimicking in situ benthic conditions. 

We assigned cores to one of five shading treatments, such that cores were left uncovered 

(i.e., full light), covered with mosquito netting (1, 4, or 7 layers), or covered with multiple layers 

of opaque black plastic (i.e., full dark). Each shading treatment had 4 replicates, but one full light 

core was lost during the experiment. For the shading treatments, we wrapped the upper 15 cm of 

each tube with the appropriate number of netting or black plastic. Cores were distributed 

between two crates, such that each crate had two full sets of each shading treatment. Before the 

start of the experiment, we measured photosynthetically active radiation (PAR; µmol photons m-

2 s-1) (Li-192 Quantum Underwater Sensor, Li-COR, Lincoln, Nebraska, USA) outside and 

inside the acrylic tubes of each treatment to determine light reduction imposed by shading,   

We deployed the crates on the lake bottom in a nearshore bay with a depth of 1.8 m. 

Experimental cores were open to exchange with the overlying lake water, though we attached 

circular plastic discs ~5 cm above each core’s opening to block sediment deposition or settling of 

phytoplankton into the experimental tubes. Partway through the experiment, the crates were 

moved to the eastern part of the lake (2.6 m depth) because of a dense cyanobacteria bloom that 

reached the original experiment location. 

After one month, we measured benthic metabolism and sampled the surface sediments 

for stable carbon isotope analysis. We measured net ecosystem production (NEP) and ecosystem 

respiration (ER) with paired incubations of each experimental tube. Incubations to measure NEP 
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were performed with the ambient shading treatments on each tube. For the full dark treatment, 

we rolled the plastic shading down several centimeters for the NEP incubation, such that light 

availability during the incubation mimicked light availability during the experiment’s month-

long duration (as tubes were open to the lake, a small amount of light likely reached the sediment 

through the tube opening). For the ER measurements, we subjected all tubes to complete 

darkness by wrapping them with multiple layers of black plastic. Metabolism measurements 

were based on the change in dissolved oxygen (DO) concentrations, which we measured at the 

start and end of each incubation with handheld ProODO Probes (YSI, Yellow Springs, Ohio, 

USA). During the incubation periods, cores were sealed airtight with opaque rubber stoppers 

(sensu Phillips et al. 2019), and crates were deployed at the experimental depth (2.6 m). NEP 

was calculated as the hourly change in evolved O2 (mg O2 L-1 h-1) during incubations with the 

experimental shade treatments, and ER corresponded to the rate of oxygen consumption (mg O2 

L-1 h-1) during complete darkness. Under the assumption that ER is independent of light, we 

calculated gross primary production (GPP) for each core as the summed magnitudes of NEP and 

ER. We converted metabolic rates to areal units by multiplying the volumetric rates by the water 

column height overlying the sediment in the tube. We estimated PAR availability within the 

tubes during the NEP incubation based on the benthic light levels and the light reduction 

capacity of each shade treatment. To examine how GPP responded to the shade treatments, we fit 

a photosynthesis-irradiance (P-I) curve, using a hyperbolic tangent function, to the measured 

GPP rates. We examined whether ER differed across shade treatments with a linear model. 

After the incubations, we scraped the top 0.75-cm layer from the sediment surface, which 

should reflect the most photosynthetically active layer of benthic algae (sensu Chapter 4). We 

sieved the material through 500-µm mesh and collected the filtered material on 20-µm mesh. 
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Sediment samples were dried at 60 °C. We did not acidify sediment samples because previous 

results showed that HCl acidification (Harris et al. 2001) did not change the δ13C signatures of 

sediment from Mývatn (Chapter 4). Sediment samples were homogenized with plastic pestle, re-

dried, stored in a room temperature desiccator for 24 h, and weighed into tin capsules for δ13C 

analysis. Stable isotope analysis was performed by the University of California Davis Stable 

Isotope Facility (Davis, CA, USA) (see Main text: Methods). We examined the relationship 

between shade treatment and surface sediment δ13C values with a linear model. 

 

Supplementary Results 

 Shade treatments were imposed on the experimental cores for one month, but ER did not 

differ across shade treatments at the end of the experiment (t17 = 1.03, p = 0.317; Figure S1). The 

response of GPP to light (based on light levels measured during the NEP incubation) were 

typical of a P-I curve, whereby GPP initially increased with light before plateauing at higher 

light availability (Figure S1). While we only measured GPP at the end of the experiment, it is 

reasonable to expect that cores with higher light availability had higher GPP during the duration 

of the experiment. 

 Surface sediment δ13C values were significantly affected by shading treatment; more 

enriched δ13C values were associated with treatments providing greater light availability (Figure 

S2). As ER was not affected by shade treatment, productivity differences across the light 

treatments likely accounted for the difference in δ13C. This interpretation is consistent with 

enhanced competition among benthic algae for inorganic carbon under high light conditions, 

which reduces discrimination against 13C. Overall, results from this supplemental experiment 
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demonstrate that factors affecting primary production influence δ13C values of benthic algae in 

Mývatn, supporting their suitability to serve as a proxy for benthic primary production. 
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Figure S1. Measured gross primary production and respiration for sediment cores that 

experienced different shading treatments for one month. Values on the x-axis of the GPP panel 

depict the light levels experienced by each core during the incubation in which net ecosystem 

production was measured. The line shows the fit of a hyperbolic-tangent curve to the GPP data. 
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Figure S2. Sediment δ13C values were more enriched with increasing ambient light availability 

(i.e., less shading). Points show raw data, and lines correspond to the fit from the linear model 

with standard errors. 
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Appendix D: Supplementary methods and results for Chapter 3 (Part II) 

 

Quantifying preservation effects on δ13C values 

 

Supplementary Methods 

The primary objective of our study was comparing the trends in midge abundance and 

their δ13C values, such that the temporal trends in δ13C values were of greater interest than the 

exact values. However, preservation effects were nonetheless important to consider because 

window trap preservative methodologies changed in 2000, and chironomid samples experienced 

long-term storage in ethanol for varying durations (main text: Methods). Thus, we designed a 

small experiment to examine storage effects on dipteran δ13C signatures.  

When we set up the experiment in early August 2015 there were no emergent 

chironomids, so we instead collected adult Simulium spp. (Diptera: Simuliidae) with sweep-nets 

near the southwestern shore of Mývatn. Simuliids likely came the River Laxá, which forms 

Mývatn’s outlet. We acknowledge that preservation effects may differ between simuliids and 

chironomids. However, studies examining the effects of particular chemical preservatives on 

multiple taxa of a similar group (e.g., different fishes or macroinvertebrates) have generally 

reported δ13C shifts in a consistent direction (i.e., either 13C-enrichment or 13C-depletion), even if 

the magnitude of this effect differs among taxa (Kelly et al. 2006, Syväranta et al. 2008, Xu et al. 

2011, Rennie et al. 2012). Thus, chemical preservation likely affects simuliids in a qualitatively 

similar way to chironomids, although the magnitude of isotopic shifts may differ.  

After freezing simuliids for 48 h, we processed control samples and set up preservation 

treatments. The setup of this experiment was designed to mimic the preservation regime 

experienced by the archived chironomids which may spend up to two weeks in the window trap 
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preservative mixture (formalin pre-2000 or propylene glycol post-2000) before they experience 

longer term storage in ethanol. “Control” samples refer to replicate subsamples (n=4) of 15 

simuliids that were randomly collected from the frozen individuals and dried at 60 °C for 48 h 

before being prepared for isotopic analysis. In 125-mL plastic containers, we set up two 

preservative treatments (n=3 replicates per treatment): 10% formalin (representing the window 

trap preservative used prior to 2000) and a 1:1 mixture of propylene glycol and water 

(representing the window trap preservative used from 2000 onward). Each of the six initial 

preservative containers received 75 simuliids and 30 mL of preservative solution. After 13 days, 

flies from all the initial containers were transferred into new 20-mL plastic vials filled with 15 

mL of 70% ethanol and 2 mL of the preservation solution (to mirror the potential inoculation of 

long-term monitoring storage containers by residual window trap preservative). Hereafter, we 

refer to these preservation treatments as “formalin/ethanol” and “propylene glycol/ethanol.” 

Following the protocols used for preparing archived T. gracilentus specimens (main text: 

Methods), fifteen simuliids were homogenized and prepared for stable isotope analysis. From 

each preservation vial, we analyzed pooled samples 1, 27.5, and 53 months (with different 

simuliids comprising the pools) after the transfer to ethanol. 

We performed two statistical analyses to determine whether the δ13C values of preserved 

samples 1) differed from control samples and 2) were affected by storage duration. To test 

whether preservation method affected isotopic signatures, we used a linear model, with δ13C as 

the response variable and treatment (3 levels: control, formalin/ethanol, propylene 

glycol/ethanol) as the predictor. In this analysis, we only included preserved specimens from the 

first sampling event (1 month post initial transfer), such that this statistical test did not account 

for any temporal changes in isotopic signatures due to storage duration. To test whether δ13C 
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values of preserved specimens were affected by storage duration, we omitted the control samples 

because they were only analyzed for one time point. We used a linear mixed model (LMM) with 

preservation treatment (2 levels: formalin/ethanol, propylene glycol/ethanol), number of months 

post initial transfer to ethanol, and their interaction as fixed effects and vial number as a random 

effect to account repeated sampling of simuliids from each vial.  

 

Supplementary Results 

Preservation treatment had a significant effect on δ13C values (F2, 7 = 11.81; p = 0.006), 

when comparing controls to preserved specimens sampled 1 month after being transferred from 

their initial preservatives to ethanol.  

Storage duration did not significantly affect δ13C values of chemically preserved samples 

(Table S1; Figure S1). Thus, any chemical effects that altered δ13C signatures likely took place 

within the first month of storage in ethanol. δ13C values of the formalin/ethanol appeared more 

variable than those of the propylene glycol/ethanol treatment (Table S2; Figure S1), though this 

could partly be due to different individuals comprising pooled samples between sampling events. 

Type-III F-test results suggested no overall difference in δ13C values between preservation 

treatments (Table 1); however, type-II F-test results indicated a significant difference between 

treatments (Table 1). Both preservation treatments were generally 13C-enriched relative to 

controls, with the type-II F-test suggesting that the formalin/ethanol treatment caused less 

enrichment than propylene glycol/ethanol (Table S2; Figure S1). 

 

Supplementary Discussion 
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Similar to numerous other studies, our experimental results demonstrate that chemical 

preservation can affect organism δ13C signatures. Propylene glycol/ethanol and formalin/ethanol 

treatments generally resulted in 13C-enrichment relative to controls. Storage in ethanol, which 

was common to both treatments, may have contributed to the similar direction of the δ13C shifts, 

despite the different initial chemical preservatives between the treatments. 

Many studies have shown enriched δ13C values as a result of ethanol preservation 

(Kaehler and Pakhomov 2001, Sweeting et al. 2004, Kelly et al. 2006, Syväranta et al. 2008, 

Ventura and Jeppesen 2009, Xu et al. 2011); studies generally attribute these effects to 

degradation of lipids, which are 13C-depleted relative to other tissues (DeNiro and Epstein 1977). 

Decreased tissue C:N ratios with ethanol preservation support this mechanism (Sweeting et al. 

2004, Syväranta et al. 2008). In our experiment, simuliid C:N ratios from control samples were 

higher than the C:N ratios in any of our preserved samples, though control samples also had 

greater variability in C:N ratios (Figure S2). Moreover, C:N ratios between the formalin/ethanol 

and propylene glycol/ethanol treatments are relatively similar (Figure S2). Thus, degradation of 

lipids is a reasonable explanation for enrichment of simuliid δ13C values. 

We are not aware of previous studies that have investigated the effect of propylene glycol 

preservation on stable isotope signatures. It is possible that initial storage in propylene glycol had 

either 1) little effect on δ13C values such that the subsequent ethanol storage solely contributed to 

13C-enrichment or 2) redundant effects on δ13C as ethanol, such that changes to δ13C values had 

already occurred before the transfer to ethanol.  

Our experimental formalin/ethanol treatment generally resulted in 13C-enrichment but 

with a lower magnitude than the propylene glycol/ethanol treatment; though, two 

formalin/ethanol samples (from different vials) were lower than the mean control δ13C value at 
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27.5 or 53 months of storage (Figure S1). A majority of previous studies document that storage 

in formalin storage causes 13C-depletion (Bosley and Wainright 1999, Kaehler and Pakhomov 

2001, Sarakinos et al. 2002, Kelly et al. 2006, Xu et al. 2011, Rennie et al. 2012 but see 

Feuchtmayr and Grey 2003 who found 13C-enrichment). Several studies have proposed addition 

of relatively 13C-depleted carbon from the formalin preservative to organism tissues as a 

mechanism for this 13C-depletion (Kaehler and Pakhomov 2001, Edwards et al. 2002, Sarakinos 

et al. 2002, Sweeting et al. 2004, Kelly et al. 2006). Thus, samples in our formalin/ethanol 

treatment may have experienced sequential 13C-depletion (during the initial two weeks in 

formalin) and 13C-enrichment (during subsequent storage in ethanol) during the preservation 

process.  

The higher degree of 13C-enrichment when propylene glycol rather than formalin was the 

initial preservative in our experiment is inconsistent with our time series results (main text: 

Results), which suggested a decrease in the mean δ13C value after 2000, when propylene glycol 

was the window trap preservation. While we cannot specify with certainty why these results 

conflict with one another, we outline several possibilities here. First, preservation effects can be 

taxon-specific (e.g., Edwards et al. 2002; Kelly et al. 2006), such that the different focal 

organisms (i.e., chironomids vs. simuliids) could have contributed to inconsistencies between our 

experimental and model results. For instance, if fat content varied between taxa, this could affect 

the degree of 13C-enrichment from ethanol preservation (Sweeting et al. 2004). However, similar 

species generally show isotopic shifts in the same direction for a given preservative (see 

Supplemental Methods). Thus, it is unlikely that taxon-specific responses of chironomids and 

simuliids would explain the opposing patterns from our experimental and model results. Second, 

unlike our experiment, in which the initial preservation duration was standardized to 13 days, 
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chironomids from the long-term monitoring samples were exposed to the initial preservative for 

varying lengths of time (i.e., from < 1 day to 2 weeks, depending on the time interval between 

falling into the trap and trap collection). Edwards et al. (2002) found that the length of formalin 

fixation did not affect 13C-depletion for storage durations longer than 10 days, though, it is 

unknown whether effects of formalin fixation vary at shorter (i.e., < 10 days) storage durations. 

Variation in chironomid exposure time to the initial chemical preservative does not provide an 

obvious means of reconciling the contrasting results from our experiment and model, but it could 

nonetheless affect ultimate preservation effects. Third, differences in the isotopic composition of 

the preservatives used in the long-term monitoring and our experiment may have affected the 

direction and magnitude of isotopic shifts. For instance, formalin δ13C values can vary among 

manufacturers, and larger shifts in tissue δ13C values occur in formalin with more depleted δ13C 

values (Edwards et al. 2002). Alternatively, it is possible that the time series results represent a 

biological change rather than an artifact of preservation methodologies (i.e., there was a decline 

in the mean δ13C value of basal resources consumed by T. gracilentus after 2000). However, we 

do not know of a factor that would contribute to this change. Furthermore, it seems unlikely that 

it would coincidentally align with the change in preservation methodology. In short, we cannot 

undoubtedly determine an explanation for the discrepancy between the experimental preservation 

effects and the model results. Nonetheless, this does not hamper the interpretation of our data 

because we were interested in the temporal trends in δ13C values rather than reconstructing the 

actual isotopic signatures. Our results mirror previous studies in suggesting changes to δ13C 

values likely occurred early in the preservation process. We did not see a significant change in 

the δ13C of preserved samples after being stored for over 4 years; similarly, multiple studies have 
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demonstrated that isotopic shifts are independent of storage duration (Edwards et al. 2002, 

Sweeting et al. 2004, Syväranta et al. 2008, Xu et al. 2011, Rennie et al. 2012).  
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Table S1. Statistical results for the LMM examining the effect of storage duration on δ13C values 

of samples under different preservation treatments (formalin/ethanol, propylene glycol/ethanol). 

Results are shown from Type-III and Type-II F-tests with Kenward-Roger denominator degrees 

of freedom. 

 

Term Type III Type II 

Months in storage F1, 10.00 = 3.20 P = 0.104 F1, 10.00 = 1.84 P = 0.205 

Preservation trmt F1, 13.43 = 2.67 P = 0.126 F1, 4.00 = 17.27 P = 0.014 

Months in storage x Preservation trmt F1, 10.00 = 1.38 P = 0.267   
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Table S2. Differences in the δ13C values (Δ δ13C) between preservation treatments and the mean 

control value (-26.71‰). Values shown are the mean ± SD for each treatment at 1, 27.5, or 53 

months post transfer from the initial preservative to ethanol. 

  Δ δ13C  

Preservation Treatment 1 month 27.5 months 53 months 

formalin/ethanol 0.64 ± 0.09 0.25 ± 0.76 -0.21 ± 1.16 

propylene glycol/ethanol 1.32 ± 0.52 1.51 ± 0.17 1.26 ± 0.28 
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Figure S1. δ13C values of chemically preserved simuliids samples. Points shows the raw data, 

with colored lines connecting samples from the same vial over time. The solid horizontal line 

shows the mean δ13C value of the control samples, and the dashed horizontal lines show 1 

standard deviation above and below this mean control value.  

 



154 
 

 

Figure S2. C:N ratios of control and chemically preserved simuliid samples. Points are slightly 

jittered horizontally, which partially obscures that controls were processed at month “0”. 
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ABSTRACT 

Resource partitioning among ecologically similar species may weaken interspecific 

competitive and facilitate species coexistence and co-occurrence in the same habitat. Tanytarsus 

gracilentus and Chironomus islandicus (Diptera: Chironomidae) larvae coexist at high 

abundances in Lake Mývatn, Iceland. Both species have similar biologies, feeding from within 

silk tubes in the sediment on similar benthic resources. Furthermore, both species show large, 

roughly synchronized population fluctuations, implying that they rely on the same fluctuating 

resources. These points pose the question of how these species coexist at high densities, and in 

this study, we investigate how these species co-occur. We first examine whether larvae partition 

habitats across different sites in the lake. The abundances of both species are positively 

correlated through space, even at the scale of 20 cm2. Thus, there is no evidence of spatial 

partitioning. To investigate resource partitioning, we inferred differences in T. gracilentus and C. 

islandicus diets through interspecific comparisons of larval δ13C values and comparisons of these 

signatures to those of surface sediments. Additionally, we assessed interspecific differences in 

δ13C over multiple generations from archived adult specimens collected from 1977-2015. 

Relative to C. islandicus, T. gracilentus δ13C values were significantly higher for larvae (Δδ13C = 

5.39 ± 1.84‰) and adults (2.12 ± 1.47‰), suggesting differences in their resource use. Stable 

carbon isotopes also show that neither species indiscriminately feeds on surface sediments. 

Relative to surface sediments, T. gracilentus larvae had higher δ13C values (1.84 ± 0.96‰), 

suggesting that they selectively feed on 13C-enriched resources (i.e., the most productive algal 

cells). In contrast, C. islandicus had lower values than surface sediments (-2.87 ± 1.95‰), 

suggesting that C. islandicus feed within deeper sediment layers or selectively consume 

resources with low δ13C signatures from surface sediments. Overall, our results suggest T. 
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gracilentus and C. islandicus partition their use of sediment-associated resources, which may in 

part explain their coexistence at high densities at very local scales.  

 

INTRODUCTION 

 Interspecific competition can influence population dynamics and the spatial distribution 

of species. In the classical formulation of resource partitioning, the strength interspecific 

competition is inversely related to their overlap in resource use (MacArthur and Levins 1967, 

Pacala and Roughgarden 1982). Therefore, resource partitioning can facilitate the coexistence of 

ecologically similar species (Pianka 1974). Examples of resource partitioning among similar 

species include using resources at temporally separate times (temporal partitioning), occupying 

distinct habitats (spatial partitioning), and specializing on different subsets of the resource 

(resource use partitioning) (Schoener 1974). 

Interspecific competition can affect abundances of the participant species. For instance, 

negative correlations among ecologically similar species are often associated with interspecific 

competition (Schmitt 1985, Morin 2011), which in the most extreme cases may result in the 

competitive exclusion of one species from a given area (e.g., Connell 1961). Additionally, a 

decline in the abundance of one species (e.g., due to its specific response to an abiotic factor) 

may result in compensatory shifts in the abundance of a competing species (Tilman 1996, 

Micheli et al. 1999, Klug et al. 2000). While negative correlations among species are often 

considered an expectation of interspecific competition, competing species may also be expected 

to show synchronous dynamics and positive correlation in abundance. Because competing 

species share the same resources, resource fluctuations will affect competing species similarly, 

leading to positive correlations in abundance (Korpimäki 1994, Ives et al. 1999, Micheli et al. 
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1999, Ripa and Ives 2003). Synchronous fluctuations between competitors are especially likely 

when their interactions with resources are strong enough to drive consumer-resource population 

cycles; in this case, the cyclic dynamics of one competitor will entrain the cyclic dynamics of the 

other, leading to positive correlations in their densities through time (Ripa and Ives 2003). 

 In this study, we compared the abundances and resource use of two chironomid species, 

Tanytarsus gracilentus and Chironomus islandicus (Diptera: Chironomidae), that coexist at high 

abundances in Lake Mývatn, Iceland. The two species have similar biologies; both construct silk 

tubes within the sediment from which they feed and in which they are protected from 

invertebrate and vertebrate predators. Furthermore, both species show large population 

fluctuations, across five orders of magnitude for T. gracilentus and three for C. islandicus; 

population crashes occur episodically every 4-10 years (Einarsson et al. 2002, 2004, Ives et al. 

2008; unpublished data). Multiple lines of evidence point to consumer-resource interactions with 

benthic diatoms as the driver of dramatic T. gracilentus population fluctuations (Einarsson et al. 

2002, 2016, Ives et al. 2008; Chapter 3). C. islandicus fluctuations have been synchronous with 

T. gracilentus since at least 1977, when long-term monitoring of Mývatn’s chironomid 

populations began, and this synchrony suggests that T. gracilentus and C. islandicus share 

similar benthic resources (Einarsson et al. 2002, 2004, Ives et al. 2008; Gardarsson et al. 2004). 

Given the biological similarities and synchronous dynamics of T. gracilentus and C. islandicus, 

it is pertinent to examine whether resource use overlap influences their population fluctuations 

through interspecific competition or, alternatively, whether resource use partitioning facilitates 

their coexistence at high densities.  
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Previous studies based on gut content analyses suggest high resource overlap between T. 

gracilentus and C. islandicus. Both species have been described as unselectively feeding on 

diatoms and detritus from surface sediments (Ólafsson 1987 as reported within Einarsson et al. 

2004), and T. gracilentus gut contents were largely similar to the sediment surface, with 

selectivity for detritus or algae showing only small seasonal and ontogenetic variation (Ingvason 

et al. 2002, 2004). Fatty acid analysis has also supported T. gracilentus reliance on diatoms, as 

well as bacteria that are likely associated with detritus (Ingvason 2002); there are no 

corresponding fatty acid profiles of C. islandicus from Mývatn. The apparent similarities in T. 

gracilentus and C. islandicus diets give supporting evidence that shared resources may underlie 

the high-amplitude and synchronized T. gracilentus and C. islandicus fluctuations in Mývatn. 

However, they also pose the question of how T. gracilentus and C. islandicus coexist.  

We investigated spatial partitioning and resource use partitioning as possible explanations 

for the coexistence of T. gracilentus and C. islandicus. Although T. gracilentus and C. islandicus 

populations fluctuate synchronously across generations in the monitoring data from Mývatn 

(Gardarsson et al. 2004), these long-term data are based on the counts of emergent adults and 

integrate midge abundances over much of the lake. This leaves the possibility that T. gracilentus 

and C. islandicus larvae occur in spatially distinct areas of the lake. Therefore, we compared 

larval T. gracilentus and C. islandicus abundances in Mývatn to assess their spatial correlation at 

multiple scales. We investigated possible differences in resource use of each species with stable 

carbon isotope analysis, which provides information about assimilated resources because there is 

relatively little difference in the ratio of 13C/12C isotopes between a consumer and its diet 

(Rounick and Winterbourn 1986). Even though reported gut contents for T. gracilentus and C. 

islandicus are very similar, interspecific comparisons of δ13C might reveal differences in 
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resource use that are not apparent from gut contents, as stable isotope signatures provide an 

integrated record of assimilation by consumers (Rounick and Winterbourn 1986). We used adult 

T. gracilentus and C. islandicus specimens collected between 1977-2015 to investigate 

interspecific differences in δ13C values over multiple generations. We also compared δ13C values 

of T. gracilentus and C. islandicus larvae to each other and to surface sediment values to identify 

interspecific differences in resource selectivity. We examined T. gracilentus and C. islandicus 

larval δ13C values across a depth gradient, as depth-associated patterns of resource availability 

and isotopic signatures can affect macroinvertebrate δ13C values (Hershey et al. 2006, Solomon 

et al. 2008, Devlin et al. 2013). Lastly, we examined sediment δ13C values at distinct layers to 

determine whether basal resource δ13C signatures differ according to their vertical position 

within the benthic habitat. 

 

METHODS 

Study system 

 Lake Mývatn is located in northeastern Iceland (65°37’N, 17°00’W) and has high 

primary production, while receiving little external carbon inputs (Jónasson 1979). The lake is 

shallow, with a mean depth of 2.3 m in the main south basin. The smaller north basin is naturally 

shallower (mean natural depth 1 m), but diatomite mining from 1967-2004 created depressions 

>5 m deep (Einarsson et al. 2004). Much of the benthic substrate consists of sediment composed 

of diatomaceous frustules, organic matter, sand, and tephra (Jónasson 1979). Benthic algae 

(mainly epipelic diatoms) comprise a majority of whole-lake production, though phytoplankton 

production varies spatially and temporally within and across years (Einarsson et al. 2004; 

Chapter 2). Thus, available food sources for sediment-dwelling primary consumers are likely 
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limited to benthic algae, settled phytoplankton, detritus (potentially from benthic and pelagic 

sources), and sediment-associated microorganisms. 

 Benthic pathways dominate Mývatn’s energy flow, and midge larvae are the dominant 

consumers in the lake (Jónasson 1979). T. gracilentus and C. islandicus larval densities may 

exceed 500,000 and 19,000 individuals m-2 (Lindegaard and Jónasson 1979, Thorbergsdóttir et 

al. 2004). Due to the higher individual biomass of C. islandicus, both species contribute strongly 

to secondary production, with T. gracilentus and C. islandicus respectively comprising 67% and 

24% of zoobenthic production, in years with high midge abundances (Lindegaard and Jónasson 

1979). While the two species are ecologically similar with respect to their habitat and tube-

dwelling, they differ in life histories. T. gracilentus has two adult emergences per year in spring 

(late May) and summer (early August); the entire population generally emerges at once, although 

in some summer generations (e.g., 2015), a proportion of the population may remain in the larval 

stage and emergence in the following spring. C. islandicus individuals typically spend a year as 

larvae, though they may develop over two years (Lindegaard and Jónasson 1979). An annual C. 

islandicus emergence precedes or coincides with the spring T. gracilentus emergence. 

 

Larval abundance and isotope sample collection 

We routinely sample midge larvae at multiple sites in Mývatn as part of a long-term 

monitoring project. From 2015-2019, larvae were sampled from six sites 3-4 times per year 

(from late May to mid-August). Cores were collected with a Kajak corer (diameter = 5 cm), with 

replicate (n = 3-5, but typically n = 3) cores for each sampling event. The top 2-cm sediment 

layer was extruded from each core and sieved through 63-µm mesh and the remaining sediment 

was sieved through 125-µm mesh. Finer mesh is used for the top sediment to capture first instar 
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T. gracilentus larvae which reside in this layer. After recombining the material retained on the 

63-µm and 125-µm mesh sieves for a given core, samples were subsampled to a target of 50-100 

larvae, and midges were hand-picked and stored in 70% ethanol. Larvae were taxonomically 

identified to the tribe level (Tanytarsini and Chironomini, to which T. gracilentus and C. 

islandicus respectively belong) using a dissecting microscope. For the areas sampled in the lake, 

T. gracilentus and C. islandicus make up the vast majority of Tanytarsini and Chironomini. 

 During the summers of 2016-2018, we collected midge larvae and surface sediment for 

stable isotope analysis from sites ranging from 2.5 to 5.1 m in depth. In 2016, sample collection 

focused on the six sites from which larval abundance data were collected (see above), but in 

subsequent years, isotope sample collection focused on the main long-term monitoring station at 

Mývatn (depth = 3.3 m; Ives 2013) and sites in the lake’s north basin. A complete list of isotope 

samples, including collection dates and locations, is contained in the Appendix (Table S1).  

For surface sediment samples collected during 2016-2018, we used the top 0.75-cm of 

sediment from Kajak cores to represent the most photosynthetically active layer of benthic algae. 

These samples do not represent a pure sample of algal material and also contain the surface 

sediment microbial assemblage and detritus, although similar sampling techniques have been 

used to characterize benthic resources in other studies (Karlsson and Byström 2005, Devlin et al. 

2013). In 2019, we collected additional cores in order to characterize δ13C values at different 

layers within the sediment. Three cores were collected from two of the sites previously sampled 

for sediment isotope samples (with depths of 2.5 m and 4.25 m). A 0.75-cm layer of sediment 

was collected from the surface of these cores (as above), as well as 0.75-cm layers that were 

collected 5 cm and 10 cm below the sediment’s surface. To remove midges and their tubes from 
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sediment samples, we sieved material through 500-µm mesh. The filtered material was collected 

on 20-µm mesh and transferred to a tin weigh boat for drying. 

To collect midge larvae for stable isotope analysis, we sieved separate Kajak cores 

through 125-µm or 250-µm mesh and picked individuals from the remaining material into tap 

water, where they stayed for 48 hr at 4 °C to clear their guts. We used a dissecting microscope 

when necessary to distinguish Tanytarsini and Chironomini larvae. Because T. gracilentus and 

C. islandicus are the dominant members of these two groups, we refer to Tanytarsini and 

Chironomini larvae as T. gracilentus and C. islandicus, respectively. We collected mainly third 

and fourth instar individuals which are visually distinct from earlier instars. We pooled larvae for 

stable isotope analysis, with the number pooled dependent on individual mass and availability. 

Samples included a minimum of 8 T. gracilentus and 2 C. islandicus individuals, but we aimed 

to use more individuals when possible (up to ~100 T. gracilentus and ~30 C. islandicus). When 

possible, we analyzed larvae from replicate cores, but in many instances, replicates had to be 

combined from a site to reach the necessary biomass for isotopic analysis. Sediment and larvae 

samples were dried at 60 °C. 

 

Adult abundance and isotope sample collection 

 Aerial insect populations at Mývatn have been monitored since 1977 with window traps 

(see Gardarsson et al. 2004 for additional details). Gardarsson et al. (2004) demonstrated the 

synchrony of T. gracilentus and C. islandicus population fluctuations from 1977-1996 based on 

these adult counts; here, we include more recent data to examine the correlation in T. gracilentus 

and C. islandicus adult counts from 1977-2015. The focal window trap used in this study is 

located on the peninsula (Sydri-Neslond) that separates Mývatn’s south and north basins, and 
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captures a midge assemblage characteristic of profundal habitats (Gardarsson et al. 2004), in 

which T. gracilentus and C. islandicus have been shown to dominate zoobenthic communities 

(Lindegaard and Jónasson 1979). All adult midges were identified to species. 

We obtained T. gracilentus and C. islandicus adult specimens from archived long-term 

monitoring samples for this trap (sensu Chapter 3) to examine interspecific differences in stable 

carbon isotope signatures. We aimed to collect 60 T. gracilentus and 30 C. islandicus individuals 

per sample, and when this was not possible, we collected as many individuals as we could. Adult 

midges were exposed to chemical preservation in the window traps (originally a mixture of 10% 

formalin, detergent, and ethylene glycol that was later switched to propylene glycol in 2000) and 

long-term storage in ethanol. Preservation treatments can affect organism δ13C, but generally 

these effects occur early in the preservation process, such that chemical preservation effects on 

isotope signatures should be largely unaffected by storage time (Sweeting et al. 2004, Syväranta 

et al. 2008). Thus, while chemical preservation may have affected the actual δ13C values of 

archived midge specimens, comparisons between T. gracilentus and C. islandicus signatures are 

nonetheless informative, under the assumption that δ13C values of both taxa respond to chemical 

preservation in a similar manner (Syväranta et al. 2008, Rennie et al. 2012). Adult samples were 

rinsed in deionized water and dried at 60 °C before isotopic analysis.  

 

Analytical methods: stable isotope analysis 

We homogenized sediment, larvae, and adult samples using plastic pestles. All samples 

were then re-dried, kept in a desiccator at room temperature for 24 h, and weighed into tin 

capsules for isotopic analysis. Analyses of stable carbon isotope ratios were conducted by the 

University of California Davis Stable Isotope Facility (Davis, CA, USA). Isotope ratios are 
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expressed using delta (δ) notation (units ‰), where δ = [(R sample – R standard)/R standard] × 1000, and 

R = 13C/12C. The reference material for carbon was Vienna Pee Dee Belemnite. Samples were 

run by this facility in multiple years, with the analytical errors (reported as standard deviations) 

for δ13C ranging from 0.02-0.09‰. To quantify error associated with sample preparation, 

duplicates were analyzed for a subset of samples, which produced standard deviations for δ13C of 

0.029‰ for sediment, 0.189‰ for midge larvae, 0.079‰ for midge adults.  

To assess the influence of inorganic carbonates on sediment δ13C signatures, we 

performed an HCl acidification following the methods of Harris et al. (2001) on a subset of 

sediment samples from 2018 and compared the isotopic signatures of acid-fumigated samples to 

non-treated samples from the same core. There was no difference in δ13C between acid-

fumigated and non-treated sediment (paired t-test: t7 = -1.25, p = 0.252). Thus, we present stable 

isotope signatures from non-acidified sediment samples.  

 

Statistical analysis 

 We performed two types of analyses for larval midges: analyses of the spatial correlation 

in T. gracilentus and C. islandicus larval abundances, and analyses comparing their δ13C values. 

To analyze the spatial correlations, we used a descriptive approach to examine whether a high 

abundance of one species was positively or negatively associated with the abundance of the 

other. Using five years of data from six sites, we compared the correlation in abundances of both 

species at three levels: individual cores, aggregated site-date combinations, and aggregated site-

year combinations. The spatial extent of a single core is 20 cm2 (the area sampled by a Kajak 

corer), and replicate cores within a site encompass a few square meters. When calculating the 

correlation between abundances at the core level, we standardized abundances for each species 
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by subtracting the taxon-specific mean abundance for each site-date combination. When 

calculating the correlation between abundances aggregated at the site-date level, we standardized 

abundances for each species by subtracting the taxon-specific mean abundance for each site-year 

combination. We also examined the correlation in adult T. gracilentus and C. islandicus counts 

from 1977-2015, using data corresponding only to the early part of summer, as this captures the 

spring emergence of T. gracilentus, which coincides with the annual C. islandicus emergence. 

We Spearman’s rank correlation coefficient (ρ) for all correlations. 

To analyze sediment and larval stable isotope signatures, we aggregated data by date-site 

combinations. We performed paired analyses to compare δ13C values between 1) T. gracilentus 

and C. islandicus larvae, 2) T. gracilentus larvae and surface sediment, and 3) C. islandicus 

larvae and surface sediment. For these analyses, we were interested in paired differences 

between samples collected at the same time from the same location. Because all three sample 

types were not always available for a given date-site combination, we conducted multiple 

analyses, rather than one analysis consisting of all data. For each analysis, we subset our data to 

include paired samples for the comparison of interest. In most cases, samples of both types from 

a given site were collected on the same date, but for cases in which the dates did not match 

exactly, we temporally paired sample types as closely as we could from the same site. Generally, 

this was a difference of 1-5 d, but in 2016, five T. gracilentus samples and six C. islandicus 

samples collected in late May were paired with sediment collected two weeks later. For each 

analysis, we investigated differences in δ13C values using paired t-tests and report the differences 

in isotope values (Δδ13C) for each sample pair. We performed an analogous analysis on δ13C 

values for paired T. gracilentus and C. islandicus adults collected from the same emergence. 
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Because chemical preservation may have affected adult midge δ13C values, we only report the 

differences between paired adult samples (Δδ13C) rather than the actual δ13C signatures.  

We used a linear model to explore how site depth affected δ13C values of midge larvae 

and surface sediment. In this analysis, we included all data for each sample type for all sampled 

site-date combinations from 2016-2018 (i.e., regardless of whether it was part of an above paired 

analysis). Using the cores collected in 2019, we examined how layer depth within the sediment 

affected δ13C values with a linear mixed effect model (LMM), with site and layer depth as fixed 

effects and core as a random effect. The LMM was fit using the ‘lme4’ package (Bates et al. 

2015), and statistical results are reported from an F-test with Kenward-Roger denominator 

degrees of freedom using the ‘car’ package (Fox and Weisberg 2019). All statistical analyses 

were performed in R version 3.6.1 (R Core Team 2019). 

 

RESULTS 

T. gracilentus and C. islandicus abundance  

T. gracilentus and C. islandicus larval abundances were positively correlated at the levels 

of individual cores (ρ = 0.23; Fig 1a), aggregated site-date combinations (ρ = 0.43; Fig 1b), and 

aggregated site-year combinations (ρ = 0.61; Fig 1c). Thus, high T. gracilentus abundance was 

positively associated with high C. islandicus abundance at these spatial scales. Adult counts of T. 

gracilentus and C. islandicus were also positively correlated in the long-term monitoring data 

from 1977-2015 (ρ = 0.78; Fig 1d). Similar to previously published results from 1977-1996 

(Gardarsson et al. 2004), this demonstrates the strong positive association in abundance of the 

two species across many generations. 
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Stable isotope values 

Across all dates and sites, mean ± SD δ13C values were -14.66 ± 1.67‰ for T. gracilentus 

larvae, -19.69 ± 2.74‰ for C. islandicus larvae, and -16.89 ± 1.58‰ for surface sediment. Paired 

T. gracilentus and C. islandicus larval samples significantly differed in their δ13C values (t11 = 

10.18, p < 0.001). T. gracilentus consistently had higher δ13C values than C. islandicus (Fig 2a), 

with a mean difference in their δ13C signatures (Δδ13C) of 5.39 ± 1.84‰. Relative to paired 

surface sediment samples, T. gracilentus larvae had significantly higher δ13C values (t9 = 6.07, p 

< 0.001; Fig 2b), with a mean Δδ13C of 1.84 ± 0.96‰. C. islandicus larvae had significantly 

lower δ13C values compared to paired surface sediments (t22 = -7.07, p < 0.001; Fig 2c), with a 

mean Δδ13C of -2.87 ± 1.95‰. Similar to the larval analysis, T. gracilentus adults had 

significantly higher δ13C values than C. islandicus from the same emergence (t30 = 8.04, p < 

0.001), with Δδ13C = 2.12 ± 1.47‰. In contrast to the larval comparison which involved samples 

collected from the same site, sampled adults likely originated from many locations in the lake, 

and consequently the adult comparison captures population-level δ13C differences.  

T. gracilentus larvae, C. islandicus larvae, and surface sediment δ13C values decreased 

with increasing depth (Fig 3). However, there was a significant sample type × depth interaction 

(Table 1), such that the C. islandicus δ13C signatures appeared to decrease more strongly with 

depth than T. gracilentus or sediment.  

Layer depth within the sediment significantly affected δ13C values (F1, 11 = 11.64, p = 

0.006); within a sediment core, the top 0.75-cm layer typically had higher δ13C values than the 

layers from 5 cm or 10 cm below the sediment’s surface (Fig 4). This demonstrates vertical 

patterns of sediment δ13C values within the benthic habitat. The depth of the site from which 

cores were collected also affected δ13C values (F1, 4 = 85.34, p = 0.001); sediment from the 
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deeper site had significantly lower δ13C values than the shallower site (Fig 4), mirroring our 

results from the above site-depth analysis. 

 

DISCUSSION 

In this study, we compared the correlation in abundance and stable isotope values for two 

chironomid species that occur at high densities in Lake Mývatn. All evidence points to 

consumer-resource interactions as the driver behind T. gracilentus population fluctuations, and 

C. islandicus fluctuates in synchrony T. gracilentus, implying that both species are limited by the 

same resources. Previous studies have shown little difference in gut contents between species, 

and both species construct tubes in the sediment where they feed on benthic algae and detritus 

that is largely derived from benthic production. Thus, the coexistence of T. gracilentus and C. 

islandicus in Mývatn is puzzling. To understand this coexistence, we first examined correlations 

between the species’ larval abundances to see if they were partitioned in space across the lake. 

At all scales we could investigate – comparing individual 20-cm2 cores, comparing aggregated 

samples taken on a given sampling date across sites, and comparing annual values for each site – 

T. gracilentus and C. islandicus abundances were positively correlated. Therefore, there was no 

evidence of spatial partitioning across different areas of the lake. We then analyzed larval and 

adult stable isotopes to look for differences in resource use that gut content analyses may not 

reveal. T. gracilentus and C. islandicus had consistently different δ13C values, with T. 

gracilentus having values higher than surface sediment and C. islandicus having lower values. 

The stable carbon isotope results suggest partitioning of food resources at fine spatial scales. 

The degree of enrichment in T. gracilentus δ13C values compared to surface sediments 

provides insight into their feeding strategy. While trophic fractionation generally causes 
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increases in consumer δ13C values relative to their resources, it is unlikely the sole factor 

contributing to the pattern between T. gracilentus larvae and surface sediments. 13C-trophic 

fractionation in aquatic consumers across multiple studies averaged 0.47‰ and was lower in 

herbivores compared to carnivores (Vander Zanden and Rasmussen 2001). In studies involving 

midge larvae, Doi et al. (2006) and Goedkoop et al. (2006) report mean 13C-trophic fractionation 

values of 0.3‰ and 0.5‰, respectively. Thus, among our paired samples, the high T. gracilentus 

larvae δ13C values compared to surface sediment (mean Δδ13C = 1.84‰) is greater than expected 

by trophic fractionation alone. Enriched algal δ13C signatures are associated with high rates of 

benthic primary production because increased photosynthetic rates can induce inorganic carbon 

limitation and lead to lower discrimination against the heavy 13C isotope during carbon fixation 

(Hecky and Hesslein 1995, Hill and Middleton 2006, Devlin et al. 2013). This suggests that T. 

gracilentus larvae selectively consume the most productive algal material within the 

photosynthetically active layer (e.g., rapidly growing diatom cells), an explanation which Devlin 

et al. (2013) proposed to explain the high δ13C values of benthic grazers relative to surface 

sediment. The tube-building behavior of T. gracilentus may facilitate their selection of 13C-

enriched benthic resources. For instance, T. gracilentus larvae increase benthic gross primary 

production, as their tubes provide additional substrate for diatoms (Phillips et al. 2019). If T. 

gracilentus rely heavily on productive algal material that they ‘garden’ from their tubes (sensu 

Ings et al. 2012), it could elevate their δ13C values above the bulk surface sediment.  

The depleted C. islandicus δ13C values relative to surface sediments (mean Δδ13C = –

2.87‰) is also consistent with selectivity for certain resources (Solomon et al. 2008), although a 

different selectivity than T. gracilentus. We suggest three possible explanations for the low C. 

islandicus δ13C values. First, C. islandicus may consume microbes that process organic matter at 
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the sediment surface. Aerobic heterotrophic bacteria may discriminate against 13C, especially 

when carbon is non-limiting (McGoldrick et al. 2008), and surface sediments at Mývatn have 

relatively high organic matter (23 ± 3%) and carbon (6.8 ± 2.4%) content (unpublished data).  

Selectivity for such microbes may affect consumer δ13C values; for example, low δ13C values of 

C. tentans relative their detrital food source was attributed to the assimilation of microbial 

biomass growing on the detritus (McGoldrick et al. 2008). Second, studies have attributed low 

midge δ13C values to the consumption of methanotrophic bacteria, which have very depleted 

δ13C values due to high fractionation during biogenic methane production and additional 

discrimination against 13C when methanotrophs exploit biogenic methane (Bunn and Boon 1993, 

Grey et al. 2004, Hershey et al. 2006). Although our C. islandicus δ13C values are not near the 

observed values (e.g., -40‰) for consumers with substantial dietary contributions from 

methanotrophs (Bunn and Boon 1993, Grey et al. 2004), even small reliance on a highly depleted 

resource could affect consumer δ13C values. Third, filter-feeding and deposit-feeding 

Chironomus may rely on pelagic-sourced carbon by consuming phytoplankton from the water 

column or recently deposited phytodetritus from the sediment’s surface (Johnson 1985, 1987, 

Gullberg et al. 1997, Doi et al. 2006). In Mývatn, differences in δ13C values between paired 

surface sediment and pelagic samples were low (2.65 ± 1.71‰, unpublished data) compared to 

other studies (7.6‰ in Doi et al. 2010; 11.7-15.3‰ in Chételat et al. 2010), which limits our 

power to address whether C. islandicus uses pelagic-derived detritus. Nonetheless, we compared 

larval C. islandicus δ13C values to those from pelagic samples (paired by site and collected 0-9 d 

from the larvae) and found variable differences (mean Δδ13C ± SD = –0.69 ± 2.09‰) and, thus, 

no conclusive evidence supporting use of pelagic-derived detritus. 
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Differences in the vertical distributions and tube-building behaviors of T. gracilentus and 

C. islandicus may also explain their partitioning of sediment resources. Tanytarsus larvae build 

vertical tubes arranged against one another that extend above the sediment surface, such that 

larvae generally remain in the top 2 cm of sediment (Heinis et al. 1994, Chaloner and Wotton 

1996, Ólafsson and Paterson 2004). T. gracilentus feeding on productive diatoms from these 

tubes explains their enriched δ13C values. In contrast, C. islandicus in Mývatn have burrows 

extending 10-15 cm below the sediment surface (Herren et al. 2017), and other studies have 

similarly documented Chironomus spp. at sediment depths of 7-12 cm (Heinis et al. 1994, 

Charboneau and Hare 1998). The depth of C. islandicus burrows might make rapidly growing 

diatoms less important in their diets. Additionally, sediment δ13C values were depleted 5 cm and 

10 cm below the sediment’s surface relative to the top 0.75-cm layer from the same core, 

potentially due to the retention of recalcitrant organic matter fractions during decomposition 

(Meyers and Ishiwatari 1993, Lehmann et al. 2002). If C. islandicus forage 5-10 cm below the 

sediment’s surface, they likely encounter resources with relatively low δ13C values. Thus, if T. 

gracilentus and C. islandicus feeding activities correspond to the contrasting vertical 

distributions of their tubes, this would facilitate the partitioning of sediment-associated resources 

vertically within a habitat, despite the lack of spatial partitioning demonstrated by positive 

correlations in larval abundances across the lake.  

In addition to differences in resource use, it is worth considering whether life cycle 

differences (e.g., larval development time) between C. islandicus and T. gracilentus affected 

comparisons of their δ13C values. Isotope signatures represent a time-integrated account of 

consumer assimilation, such that there is a time lag before a consumer’s isotopic signature 

reaches equilibrium with its diet. Therefore, a consumer’s δ13C value may not match its current 
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diet if it switches resources or if its resource has temporally variable δ13C signatures. This raises 

the possibility that the longer larval life stage of C. islandicus may allow their isotopic signatures 

to integrate resource δ13C variability across a longer time span than T. gracilentus individuals 

and contribute to our observed interspecific differences in δ13C values. Despite the differences 

between C. islandicus and T. gracilentus body mass, which in part determines isotopic turnover 

in consumers, the expected δ13C half-lives for both taxa (based on quantitative relationships 

reported within Thomas and Crowther 2015 and Vander Zanden et al. 2015 and individual body 

masses from Herren et al. 2017) are relatively short (i.e., on the order of days, rather than weeks 

or months). Consequently, C. islandicus should come to steady state (96.9% isotopic 

replacement, Thomas and Crowler 2015) with any hypothetical isotopic shifts in basal resources 

within 2 weeks of T. gracilentus. Along these lines, in a reciprocal transplant experiment, δ13C 

values of Chironomus spp. and Stictochironomus rosenschoeldi larvae matched their new 

sediment within one month (Hershey et al. 2006), suggesting that chironomid larvae equilibrate 

to isotopic shifts of available resources relatively quickly. Therefore, we suggest life cycle 

differences are not strong enough to explain the consistent differences between T. gracilentus 

and C. islandicus δ13C values; we instead attribute them to contrasting patterns of resource use.   

Despite the interspecific differences in δ13C values, T. gracilentus and C. islandicus 

larval δ13C values decreased across a depth gradient. This suggests that δ13C of both consumers 

in part reflects the isotopic characteristics of the sediment, as surface sediment δ13C also 

decreased with depth. The declines in δ13C values of T. gracilentus, C. islandicus and surface 

sediment likely reflect decreasing primary productivity at deeper depths of the lake (Devlin et al. 

2013). This pattern is consistent with our interpretation of high δ13C values of T. gracilentus 

reflecting their use of rapidly growth diatoms on their tubes. Nonetheless, other studies have 
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attributed the negative relationship between depth and δ13C values to increased phytoplankton 

deposition (Karlsson and Byström 2005, Doi et al. 2006) or increased prevalence of organic 

matter emanated from respired carbon and methanogenesis (Solomon et al. 2008).  

 Overall, our data show that T. gracilentus and C. islandicus use resources differently. In 

contrast, we found no evidence of spatial partitioning across the lake, even at the scale of 

individual sediment cores and cores taken within a few meters of each other at the same site. 

Previous studies on gut contents, feeding behavior observations, and knowledge of the biologies 

of these two species, suggest that T. gracilentus and C. islandicus would utilize similar 

resources, but their δ13C values showed striking and consistent differences. Contrasting 

selectivity for resources within the sediment surface or foraging at different vertical layers in the 

sediment likely contribute to their resource partitioning and may explain how T. gracilentus and 

C. islandicus coexist. T. gracilentus abundance affects the structure and physicochemical 

conditions in benthic habitats, which may in part explain the coupled fluctuations of T. 

gracilentus and C. islandicus. However, their synchronized population fluctuations likely imply 

dynamic coupling of their resources. This could be due to overlap in their diets, while not being 

substantial enough to result in similar δ13C values. Alternatively, they may have non-overlapping 

resources that are dynamically coupled and fluctuate in synchrony. For example, fluctuations in 

benthic diatoms might be coupled to fluctuations in organic matter availability or heterotrophic 

activity. This would reconcile resource use partitioning and synchronized fluctuations of T. 

gracilentus and C. islandicus. While we do not know the exact mechanism by which T. 

gracilentus and C. islandicus partition resources, δ13C values have illuminated this aspect of their 

ecologies, and our results demonstrate that stable isotope analyses may provide unexpected 

insights into interactions among species. 
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Table 1. F-test results from the linear model testing for the effects of sample type (Tanytarsus 

gracilentus larvae, Chironomus islandicus larvae, and surface sediments), site depth, and their 

interaction on δ13C values. 

 SS dfnum dfresid F P-value 

δ13C      
Sample type 0.81 2 62 0.22 0.803 

Depth 111.83 1 62 60.73 < 0.001 

Sample type × Depth 13.60 2 62 3.69 0.031 
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Figure 1. Comparisons of T. gracilentus and C. islandicus abundances for the levels of a) larvae 

in individual cores, b) larvae aggregated for site-date combinations, c) larvae aggregated for site-

year combinations, and d) adult counts from long-term population monitoring. Larval 

abundances are based midge densities within a sediment core (20 cm2) and were standardized by 
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the mean abundance for each site-date combination (in panel a) or each site-year combination (in 

panel b). 
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Figure 2. Comparisons of δ13C (‰) values among paired a) T. gracilentus and C. islandicus 

larvae, b) T. gracilentus larvae and surface sediment, and c) C. islandicus larvae and surface 

sediment. Lines connect samples from a specific date-site combination that were compared to 

one another in each paired analysis. 
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Figure 3. The δ13C (‰) values of T. gracilentus larvae, C. islandicus larvae, and surface 

sediments across the site depths. Points show raw data, and lines correspond to the linear model 

fit with standard errors. 
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Figure 4. Sediment δ13C (‰) values were analyzed for multiple layers within individual cores. 

Cores were collected from two sites with depths 2.50 and 4.25 m. Within each core, sediment 

layers were sampled at 0.75 cm (i.e., the surface layer), 5 cm, and 10 cm below the sediment’s 

surface. Each point shows a sample, with lines connecting layers from within an individual core. 
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Appendix E: Supplemental table for Chapter 4 

 

Table S1. List of larvae and sediment samples collected for stable isotope analysis. 

Sample type Sample date Site depth (m) Site name n δ13C (‰) 

C. islandicus 5/29/2016 2.7 E1 1 -19.76 

C. islandicus 5/29/2016 3.3 E3 1 -20.97 

C. islandicus 5/30/2016 2.7 E2 1 -21.08 

C. islandicus 5/30/2016 2.9 E4 1 -21.77 

C. islandicus 5/31/2016 2.5 E5 1 -19.77 

C. islandicus 5/31/2016 2.8 E6 1 -20.39 

C. islandicus 6/26/2016 2.7 E1 1 -17.27 

C. islandicus 6/26/2016 3.3 E3 1 -19.07 

C. islandicus 6/26/2016 2.9 E4 1 -17.58 

C. islandicus 6/27/2016 2.7 E2 1 -16.76 

C. islandicus 6/27/2016 2.5 E5 1 -17.77 

C. islandicus 8/11/2016 2.7 E1 1 -16.49 

C. islandicus 8/11/2016 3.3 E3 1 -20.02 

C. islandicus 8/11/2016 2.9 E4 1 -18.07 

C. islandicus 8/11/2016 2.5 E5 1 -13.12 

C. islandicus 5/24/2017 3.3 E3 1 -20.55 

C. islandicus 6/25/2017 3.3 E3 1 -20.71 

C. islandicus 7/17/2017 3.3 E3 1 -21.51 

C. islandicus 8/2/2017 3.3 E3 1 -20.72 

C. islandicus 6/28/2018 4.25 Reyk 4 -22.52 (0.26) 

C. islandicus 7/17/2018 4.25 Reyk 4 -21.06 (1.35) 

C. islandicus 7/25/2018 3.3 E3 3 -19.77 (1.68) 

C. islandicus 8/10/2018 5.1 Grim 1 -25.74 

C. islandicus 8/10/2018 4.25 Reyk 4 -24.14 (1.09) 

C. islandicus 8/12/2018 3.3 E3 2 -20.81 (0.82) 

C. islandicus 8/12/2018 2.5 E5 3 -14.58 (1.06) 

T. gracilentus 5/29/2016 2.7 E1 1 -15.32 

T. gracilentus 5/29/2016 3.3 E3 1 -16.57 

T. gracilentus 5/30/2016 2.7 E2 1 -15.46 

T. gracilentus 5/30/2016 2.9 E4 1 -16.10 

T. gracilentus 5/31/2016 2.5 E5 1 -13.61 

T. gracilentus 6/26/2016 3.3 E3 1 -14.51 

T. gracilentus 5/24/2017 3.3 E3 1 -15.46 

T. gracilentus 7/17/2017 3.3 E3 1 -12.65 

T. gracilentus 8/2/2017 3.3 E3 1 -13.39 

T. gracilentus 6/28/2018 4.25 Reyk 3 -15.51 (0.16) 

T. gracilentus 7/3/2018 2.5 E5 3 -11.95 (0.15) 

T. gracilentus 7/17/2018 4.25 Reyk 4 -17.37 (0.09) 
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T. gracilentus 8/17/2018 2.5 E5 3 -12.72 (0.10) 

Surface sediment 6/13/2016 2.7 E1 1 -16.59 

Surface sediment 6/13/2016 2.7 E2 1 -15.98 

Surface sediment 6/13/2016 3.3 E3 1 -17.88 

Surface sediment 6/13/2016 2.9 E4 1 -16.96 

Surface sediment 6/13/2016 2.5 E5 1 -16.23 

Surface sediment 6/13/2016 2.8 E6 1 -16.64 

Surface sediment 6/26/2016 2.7 E1 1 -16.57 

Surface sediment 6/26/2016 3.3 E3 1 -17.42 

Surface sediment 6/26/2016 2.9 E4 1 -16.76 

Surface sediment 6/26/2016 2.5 E5 1 -15.56 

Surface sediment 6/27/2016 2.7 E2 1 -16.09 

Surface sediment 6/27/2016 2.8 E6 1 -14.93 

Surface sediment 8/9/2016 2.9 E4 1 -15.81 

Surface sediment 8/9/2016 2.5 E5 1 -15.76 

Surface sediment 8/9/2016 2.8 E6 1 -14.94 

Surface sediment 8/10/2016 2.7 E1 1 -15.63 

Surface sediment 8/10/2016 2.7 E2 1 -15.23 

Surface sediment 8/10/2016 3.3 E3 1 -17.40 

Surface sediment 7/17/2017 3.3 E3 1 -16.23 

Surface sediment 8/2/2017 3.3 E3 1 -15.30 

Surface sediment 8/14/2017 3.3 E3 1 -17.76 

Surface sediment 6/23/2018 4.25 Reyk 1 -17.47 

Surface sediment 6/24/2018 3.3 E3 1 -16.17 

Surface sediment 7/17/2018 5.1 Grim 1 -20.65 

Surface sediment 7/17/2018 4.25 Reyk 1 -18.82 

Surface sediment 7/25/2018 3.3 E3 1 -16.83 

Surface sediment 8/10/2018 5.1 Grim 1 -21.40 

Surface sediment 8/10/2018 4.25 Reyk 1 -19.63 

Surface sediment 8/13/2018 3.3 E3 1 -17.09 

 

 

 

 


